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ABSTRACT
Climate change and anthropogenic stressors have contributed to rapid declines among various taxonomic groups;
however, amphibian declines have been particularly intense and primarily stemmed from warming temperatures,
habitat loss, exposure to contaminants, disease, and their subsequent interactions. Several climate mitigation
strategies, like Bioenergy with Carbon Capture and Storage, have been proposed to alleviate the impact of rising
temperatures; however, these proposals often fail to recognize and quantify the true impact on fauna, including
changes in species distributions. To address this critical gap in knowledge, this research identified current amphibian
distributions in the Upper Missouri River Basin and projected distribution changes under two future climate and
land-use change scenarios. This work revealed that climate change will have a more detrimental effect on amphibian
distributions compared to anthropogenic variables and that montane amphibian species are at a higher risk of
declines compared to low-land amphibians. To further investigate how amphibians are impacted by anthropogenic
stressors on a population scale, this research investigated how agricultural practices, including tile drainage systems,
contribute to the release of selenium and neonicotinoid insecticides into nearby wetlands. Following confirmation
that tile drains contribute to elevated levels of neonicotinoids in wetlands, laboratory and field-based studies were
conducted to determine whether neonicotinoids cross the blood-brain barrier in amphibians and measured
behavioral-impacts. This research showed that neonicotinoids (i.e., imidacloprid) can cross the blood-brain barrier,
is accumulated at high concentrations in amphibian brains, and results in slower reaction times. Moreover, this
research confirmed elevated selenium concentrations in water, sediment, invertebrate, and vertebrate samples at
wetland sites connected to tile drainage systems. Lastly, this research investigated the impact of selenium and
neonicotinoids on the growth of the deadly amphibian pathogenic fungus, Batrachochytrium dendrobatidis. This
work highlighted the anti-fungal properties of selenium and demonstrated that selenium negatively impacts B.
dendrobatidis growth. Additionally, this study showed neonicotinoids had less of an impact of fungal growth;
however, exposure still resulted in changes in growth over time. Collectively, this work spans several disciplines
including machine learning, ecotoxicology, neurobiology, and disease ecology and further emphasizes the
importance and need of interdisciplinary studies to address complex ecological issues.
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Chapter 1
Using Future Climate and Land-Use Change Scenarios to Predict Amphibian Distribution
Change in the Upper Missouri River Basin

Introduction
The Upper Missouri River Basin (UMRB) is the largest watershed in North America and
comprises approximately one-sixth of the conterminous United States. Much of the UMRB is
covered by grasslands, and an abundance of shallow, isolated wetlands known as prairie potholes
which provide habitat for a wide range of species including waterfowl, wetland mammals, fish,
and amphibians. Although many taxonomic groups have recently experienced human-mediated
biodiversity loss, amphibian population declines have been particularly severe (Stuart et al. 2004,
González-del-Pliego et al. 2019). Several causes for amphibian declines have been hypothesized
including, climate change, changes in land use (resulting in habitat destruction and/or
fragmentation), invasive species, disease, contaminants, and their subsequent interactions (Sodhi
et al. 2008, Johnson et al. 2011, Adams et al. 2013, Bradley et al. 2019). An estimated 43% of
amphibian species have experienced population declines (Stuart et al. 2004), with amphibian
occupancy expected to decrease by 50% within the next two decades (Grant et al. 2016).
Historically, grasslands and prairie pothole wetlands in the UMRB helped ameliorate the
effects of climate change by acting as carbon sinks. However, during the 19th and 20th century
these lands were extensively developed and more than 98% of wetlands were drained to make
room for row crops and irrigation systems (Dahl 2000, Johnston 2013). Amphibians have a biphasic lifestyle and many of their biological and reproductive processes rely on environmental
temperature and moisture levels, therefore they may be at a heightened risk of climate induced
stressors and abrupt changes in land use (Zellmer et al. 2020). Several amphibian species in the
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UMRB have already experienced population declines, including the Blanchard’s Cricket Frog
(Acris blanchardi), Western Toad (Anaxyrus boreas), and the Columbia Spotted Frog (Rana
luteiventris) (Burdick and Swanson 2009, Pilliod et al. 2015, Slough and deBruyn 2018).
Climate change projections indicate this region is slated to experience increased winter
temperatures, intensified and prolonged precipitation events, and significant changes in land use
(Stoy et al. 2018). Without natural buffers like grassland and wetland ecosystems, the UMRB is
at risk of extreme drought and flooding events, which could easily dismantle the main economic
drivers of this area (McCauley et al. 2015, Kibria et al. 2016). Bioenergy with Carbon Capture
and Storage (BECCS) has been proposed as a method to mitigate climate change in the UMRB.
BECCS requires the cultivation of bioenergy crops that sequester atmospheric carbon into plant
tissues, which are then harvested and converted into heat, electricity, liquid or gas fuels
(“bioenergy”). The carbon emissions produced during bioenergy conversion are captured and
deposited in geological formations (“carbon capture and storage”). Although this method could
result in a reduction in atmospheric carbon and negative emissions, it would also require
dramatic changes to the land that may further degrade the surrounding habitat and have negative
consequences for water quality and biodiversity.
Projected changes in temperature and precipitation in this area could further exacerbate
amphibian population declines. Highly variable and increased winter temperatures could induce
“false springs”, coaxing amphibians out of hibernation earlier in the season when food resources
are limited and the risk of post-emergence freezing is high (Buss et al. 2021). Warmer winters
could also contribute to the spread of amphibian diseases, including Batrachochytrium
dendrobatidis and Batrachochytrium salamandrivorans, by providing environmental
temperatures within the optimal growth ranges (4 – 25°C) of these fungal pathogens. Moreover,
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prairie pothole wetlands are primarily filled by snowmelt and rain each spring, therefore warmer
winters and reduced snowfall could contribute to the drying of wetlands used for amphibian
breeding. Precipitation is also expected to increase in the northern Great Plains, which could
result in increased agricultural runoff and localized flooding (Wienhold et al. 2018). Highly
variable precipitation trends could also result in increased salinity in agricultural wetlands,
particularly in North Dakota, which has salty soils (McKenna et al. 2019). Moreover, heavy and
prolonged precipitation events may result in increased tile drainage installation in North and
South Dakota, which would increase the output of nutrients and agricultural contaminants into
nearby wetlands where amphibians breed and spent much of their lives.
As amphibian populations dwindle, it is paramount to identify the drivers of these
declines and how they are likely to affect changing species distributions. Species distribution
models (SDM), also known as ecological niche models, are commonly used to identify important
biotic and abiotic factors that predict species’ distributions (Baltensperger and Huettmann 2015,
Kandel et al. 2015, Baltensperger and Joly 2019, Baltensperger et al. 2020). SDMs can also
predict future distributions based on climate and land use change projections and be used to
identify spatially-explicit threats to species conservation across broad landscapes (Baltensperger
and Huettmann 2015, Baltensperger et al. 2020). We used the robust machine-learning
algorithm, RandomForests (RF), which is adept at deciphering complex multi-variate
relationships (Breiman 2001, Elith et al. 2006) to estimate current distributions of 8 amphibian
species throughout the UMRB using publicly available occurrence data in combination with 16
environmental and climatic predictors. Additionally, we projected future distribution changes
using ensemble climate predictions for 2060. Our findings help to determine the spatial effects of
climate change and mitigation pathways, such as BECCS, on amphibian populations in a highly
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modified landscape over time and identify species that may be at the highest risk of population
declines or distribution losses in the UMRB.
Materials and Methods
Study Area
The UMRB spans parts of Canada and several U.S. states including Montana, Wyoming,
Nebraska, North Dakota, South Dakota, and Minnesota. For the purpose of this study, we used
the UMRB study area (746, 787 km2) previously defined by Stoy et al. (2018), which
encompasses parts of Montana, the northeastern corner of Wyoming, western half of North
Dakota, a majority of South Dakota, and a small sliver of north-central Nebraska (Figure 5.1).
Presence-only data
We downloaded georeferenced occurrence records for Great Plains Toads (Anaxyrus
cognatus), Woodhouse’s Toads (Anaxyrus woodhousii), Blanchard’s Cricket Frogs (Acris
blanchardi), Plains Leopard Frogs (Rana blairi), Western Toads (Anaxyrus boreas), Rocky
Mountain Tailed Frogs (Ascaphus montanus), Columbia Spotted Frogs (Rana luteiventris), and
American Toads (Anaxyrus americanus) from the Global Biodiversity Information Facility
(GBIF; www.gbif.org ). These were supplemented with occurrence records provided by the
South Dakota Natural Heritage Program, Montana Natural Heritage Program, and HerpMapper
in 2019. To maximize the accuracy of models, occurrence records with geocoding errors and
locational uncertainty > 500 m were removed from the training dataset. Only records within the
UMRB study area were used to build models and duplicates were removed within a 1-km buffer
resolution, which is the same resolution as the geospatial predictors.
Some species (i.e., Woodhouse’s Toads and Great Plains Toads) had unevenly distributed
presences due to varying levels of sampling intensity across the study area. This primarily
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occurred in the datasets obtained from the Montana Natural Heritage Program due to more
frequent and rigorous sampling. To account for these biases, we calculated the average distance
between points in our non-Montana datasets and then thinned the Montana datasets by this value
using the delete identical tool in ArcMap (Version 10.5). For example, the average distance
between presence points for Woodhouse’s Toads was 48,781 m, therefore we thinned the
Montana dataset by 48,700 m and then merged the non-Montana and newly thinned Montana
dataset to create a single presence file for Woodhouse’s Toads.
Pseudo-absence data
To create binary (presence/absence) data necessary for use in RandomForests, we
generated sets of ‘pseudo-absences’ in ArcMap (Version 10.5) using the ‘create random points’
tool. Pseudo-absences are commonly used when ‘true-absence’ data are not available and often
result in highly accurate models compared to presence-only models (Elith et al. 2006, BarbetMassin et al. 2012). Numbers of pseudo-absences were tailored for each target species, so that
the densities of pseudo-absences equaled that of presences, using the following formulae and
solving for X:
#

=

ℎ

:

139
=
17,710.2
746,787

= 5,861

We used these formulae for all species, with the exception of the Great Plains Toad (A.
cognatus), whose model contained twice as many pseudo-absences to reduce background noise
across its large range. Presence-only datasets and pseudo-absences were combined to create
training datasets, attributed with 16 spatial environmental predictors and used to train models.
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Environmental and anthropogenic predictors
We attributed training datasets for each species with 16 raster predictors using R (R
Development Core Team 2017) in RStudio (RStudio Team 2020; Version 1.4.1103; Table 5.1).
Predictors were selected based on variables known to affect amphibian populations.
Model development
Attributed training datasets were used to individually model the distributions of 8
amphibian species using the machine-learning algorithm, RandomForests (RF), in Salford
Predictive Modeler version 7 (Salford Systems, Inc., San Diego, CA, USA; www.salfordsystem.com). RF has been previously proven to be very powerful, highly accurate, and widely
used in species distribution modeling (Heikkinen et al. 2012). RF is also highly effective at
parsing small training datasets, making it ideal for modeling rare and endangered species (Mi et
al. 2017). Furthermore, RF also uses “bagging”, which uses only part of the training dataset for
internal model validation and is particularly useful for training small datasets without overfitting
(Breiman 1996).
For each model, we grew 200-10,000 trees, used a learning-rate of 0.3, and set the
minimum number of observations per node to 2. RF is known to systematically favor high-level
categorical variables and include them in trees regardless of their relevance for prediction
(Couronné et al. 2018). To prevent this known bias, we limited our categorical variables to <8
categories and ran high-level categorical predictors (Landcover – 29 categories; Geology – 63
categories) as continuous predictors.
Model validity was assessed using ‘Out-Of-Bag’ (OOB) samples, which consisted of an
unused portion of the training data, to calibrate the performance of each tree. OOB data were
used to create a receiver operator characteristic (ROC) curve for each model and to calculate the
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area under the curve (AUC). This provided a percentage of correctly predicted presence and
absence points for each model. To determine which variables were most influential in amphibian
SDM predictions, we used RF to rank the relative importance of predictors for each species.
To create current (2005) and future (2060) predictions of amphibian distributions, we
scored models to a regular lattice of points (1-km resolution) that was also attributed with same
predictor variables across our study area. Models indicated predictions of the relative index of
occurrence (0 < RIO < 1), for each 1-km pixel surrounding regular lattice points (Pearce and
Ferrier 2000). To create continuous prediction maps, we used the Inverse Distance Weighting
tool in ArcGIS 10.5 (ESRI, Inc., Redlands, CA, USA) to smooth RIO values (i.e., pixels)
between neighboring points across the UMRB. Static predictor variables (i.e., variables that were
expected to undergo very little change between 2005 and 2060) were held constant, whereas
dynamic variables (i.e., variables that were expected to substantially change – climate and land
use) were updated for the 2060 models using two future climate/land-use change scenarios
consisting of CMIP5 climatic scenarios (RCP6.0 and RCP8.5) and FORE-SCE land-use/landchange scenarios (B2 and A2) for the UMRB (Sohl et al. 2018). Climate scenarios were chosen
to reflect variable responses including medium (RCP6.0) and high (RCP8.5) greenhouse
emissions, temperature increases, agricultural change, expansion of biomass fuel, and emphasis
on environmental conservation. We paired the RCP6.0 climate scenario with the CONUS FORESCE B2 land-use/land-change scenario to represent a scenario which focuses on environmental
and social equity at regional levels while emissions continue to grow at a slow rate and surface
temperature is expected to increase by an average 1.8°C (IPCC 2007, van Vuuren et al. 2011).
We paired the RCP8.5 climate scenario with the CONUS FORE-SCE A2 land-use/land-change
scenario to simulate the current atmospheric trajectory; a scenario with an average 2.2°C increase
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in global surface temperature as a result of aggressive fossil fuel use and steadily increasing CO2
emissions caused by changes in land use (IPCC 2007, van Vuuren et al. 2011).
Model Validation
Independent validation datasets were comprised of presence-only points obtained from
HerpMapper, research-grade iNaturalist records, and independent fieldwork datasets (Table 5.2).
We withheld validation datasets from modeling after comparing them to training records to avoid
overlap between the two datasets, which could bias model accuracy. In ArcGIS we intersected
validation sets with model predictions. We used a symmetric threshold (RIO = 0.5) to
differentiate between presence and absence points predicted by the model (<0.5 = absence, >0.5
= presence) and calculated the percentage of correctly predicted independent validation points
for each model. A threshold of 0.5 was selected for each model because it provided the lowest
percentage of misclassification (number of cases that were incorrectly classified by the model).
We also compared our model predictions to previously published distribution maps from the
primary literature across space and time to further assess the accuracy of our model predictions.
Analyses
To calculate the change in presence for each amphibian species, we reclassified current
and future model rasters to binary rasters (0.5 threshold) using the Reclassify tool. This provided
the total occupied area (km2) for current and future models for each species. We then calculated
the net change (km2) and percent change between occupied area in the current and future models
for all species.
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Results
Model performance
Current internally-validated (using OOB samples) model predictions were highly
accurate as evidenced by high AUC ROC values that all exceeded 89% correct. The model for
Blanchard’s Cricket Frogs was the most accurate (ROC=0.99), followed by American Toads
(ROC=0.99), Plains Leopard Frogs (ROC=0.99), Rocky Mountain Tailed Frogs (ROC=0.99),
Columbia Spotted Frogs (ROC=0.99), Western Toads (ROC=0.99), Woodhouse’s Toads
(ROC=0.94), and Great Plains Toads (ROC=0.89). Additionally, independent spatial validations
for all models were highly accurate, as evidenced by high overlap between predicted current
distributions and independent validation data points (Table 1.2).
Relative predictor importance
The relative importance of predictor variables varied among species models (Table 1.3).
We found that climatic and geographic predictors were more influential than anthropogenic
predictors for most species. The most important predictors included: summer temperature (7
species), elevation (7 species), winter precipitation (4 species), summer precipitation (3 species),
geology (3 species), and river distance (2 species). Variable importance appeared to differ by
location, in that species inhabiting the western portion of the study area were highly influenced
by summer temperature and winter precipitation, whereas species distributed in the southeastern
corner of the UMRB were most influenced by spring and summer precipitation. Summer
temperature appeared among the top 4 most important variables for all species, except American
Toads and Rocky Mountain Tailed Frogs. Elevation was also a top predictor for all species.
Anthropogenic factors had less influence on amphibian distributions, although several humanrelated predictors were still among the top five for some species. Specifically, landcover had a
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slight influence on American Toads (relative importance=42.28%) and Rocky Mountain Tailed
Frogs (relative importance=31.81%). Young sedimentary rocks were most strongly associated
with American Toads, while late cretaceous granite was more closely related to Rocky Mountain
Tailed Frog occurrence. Additionally, distance to pollution was the fourth most influential
variable for Great Plains Toad distribution (relative importance=55.26%).
Predicted changes in distribution
We modeled two future climatic/land use change projections for eight amphibian species,
creating a total of 16 future projection models for the year 2060. Four of the modeled species
(i.e., Blanchard’s Cricket Frog, Plains Leopard Frog, Great Plains Toad, Woodhouse’s Toad)
were predicted to increase in distribution across the UMRB under both future scenarios (Figure
1.2, Figure 1.3, Figure 1.4, Figure 1.5). Alternatively, models for Western Toads, Rocky
Mountain Tailed Frogs, and Columbia Spotted Frogs predicted distribution declines across the
study area under both scenarios (Figure 1.6, Figure 1.7, Figure 1.8). Moreover, American Toads
were predicted to experience small gains under the RCP6.0/CONUS B2 scenario and severe
declines under the RCP8.5/CONUS A2 scenario (Figure 1.9).
Distributional changes (i.e., gains and losses) were more drastic for nearly all species
under the RCP8.5/CONUS A2 scenario compared to the RCP6.0/CONUS B2 scenario. Plains
Leopard Frogs and Woodhouse’s Toads were predicted to undergo the largest expansions in
occupied territory with an 70.5% and 70.9% increase in distribution under the RCP8.5/CONUS
A2 scenario, respectively (Table 1.4). Declines in occupied territory mainly affected montane
amphibian species, except for the American Toad. American Toads were predicted to experience
small gains (7.7% increase) in distribution under the ‘moderate’ RCP6.0/CONUS B2 scenario;
however, they were also estimated to undergo the largest decline among all amphibian species
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under the RCP8.5/CONUS A2 scenario (216.7 % decline) (Table 1.4). Additionally, Toads (i.e.,
American Toads and Western Toads) were predicted to experience larger declines under the
RCP8.5/CONUS A2 scenario than the modeled montane anuran species (i.e., Rocky Mountain
Tailed Frogs and Columbia Spotted Frogs).
All montane species (i.e., Western Toads, Rocky Mountain Tailed Frogs, and Columbia
Spotted Frogs) had high degrees of spatial overlap among distributions. However, under both
future scenarios, Western Toads and Columbia Spotted Frogs were predicted to experience larger
declines than Rocky Mountain Tailed Frogs, with their remaining populations predicted to be
confined to the Yellowstone area. Specifically, Columbia Spotted Frogs and Western Toads were
predicted to experience a 37.8% and 58.4% decline in occupied territory under the
RCP8.5/CONUS A2 scenario, respectively. Conversely, the RCP8.5/CONUS A2 model for the
Rocky Mountain Tailed Frog predicted a 10.4 % decline in distribution (Table 1.4).
Discussion
Changes in land use and a warming, increasingly variable climate are likely contributing
to amphibian declines worldwide. To our knowledge, this is the first study that has produced
current and future prediction maps of amphibian distributions for the Missouri Upper River
Basin. Distributions for four amphibian species were predicted to expand under both future
climatic and land-use/change predictions (RCP6.0/CONUS B2 and RCP8.5/CONUS A2);
however, distributions for three species were also predicted to decline under these future
scenarios and one species was predicted to have opposite effects under the future scenarios.
Species that predominately occur in the southeastern corner of the UMRB were predicted
to experience an increase in occupied area and were mainly impacted by spring and summer
precipitation. Conversely, amphibian species that inhabit the western portion of the study area
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were predicted to experience a decrease in distribution and were primarily influenced by summer
temperature and winter precipitation. Our study provides baseline and projected distribution
change information for amphibian distribution trends in this area that can help to guide
management and conservation strategies for Great Plains amphibians in the face of a rapidly
changing environment.
Amphibians in southeastern UMRB
The southeastern corner of the UMRB represents the most northern suitable habitat for
Blanchard Cricket Frogs and Plains Leopard Frogs, with cold winter temperatures being one of
the factors limiting northward dispersal (Lynch 1978, McCallum and Trauth 2004). As
temperature and precipitation levels increase in this area, both species are predicted to experience
a northward shift and an overall increase in distribution. Specifically, our models showed that
Blanchard’s Cricket Frog and Plains Leopard Frog distribution are predicted to expand
northward up the James River and Big Sioux River in South Dakota under the RCP6.0/CONUS
B2 scenario, but more expansively under the RCP8.5/CONUS A2. Recent studies have
documented that Blanchard’s Cricket Frogs use rivers and streams for overwintering in
southwestern Wisconsin and spring migration patterns typically occur along riparian systems,
effectively connecting overwintering habitat to breeding wetlands (Badje et al. 2016, 2021).
Notably, our model also shows the potential for Plains Leopard Frogs to spill over into the
southeastern corner of Minnesota, which is not a part of their present-day distribution.
Summer precipitation was the most important predictor for Blanchard’s Cricket Frogs
and Plains Leopard Frogs, suggesting these species may benefit from a wetter environment
during the breeding season. Our findings are consistent with previous research showing
amphibian reproduction is highly dependent on climatic variables, such as summer precipitation
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(Walls et al. 2013). Additionally, rainfall is positively correlated with wetland hydroperiod, thus
rainfall also increases the probability of breeding and the survival of tadpoles and juveniles
(Gray et al. 2004). The amphibian breeding season coincidences with the agricultural growing
season in South Dakota, therefore an increase in summer precipitation may also increase
agricultural run-off into nearby waterways (Wienhold et al. 2018). Previous studies of these
species have shown that agricultural contaminants can alter the skin microbiome (Krynak et al.
2017), feminize sex ratios (Papoulias et al. 2013, Hoskins and Boone 2018), and increase
malformations (Bruner et al. 2002). As such, their populations should continue to be monitored
in South Dakota where both taxa are currently listed as ‘species of special concern’ (Fischer et
al. 1999).
The two toad species that occupy the southeastern corner of the UMRB (i.e., Great Plains
Toads and Woodhouse’s Toads), were also predicted to experience increases in occupied area
and appear to disperse via river pathways or floodplains. Elevation was the most important
predictor for Great Plains Toads, while distance to rivers was the most influential variable for
Woodhouse’s Toads. Great Plains Toads mainly breed in temporary pools filled by rainwater
when temperatures are above 12°C (Bragg 1940), so we believe elevation served as a proxy in
the model for the interaction between climatic variables (temperature and precipitation). As such,
summer temperature also had a large influence on this species’ distribution, which is
unsurprising given Great Plains Toad tadpoles tend to congregate in shallow water where
warmer temperatures allow them to develop faster (Hansen et al. 2012). However, warmer
summer temperatures could quickly turn dire for Great Plains Toads, as breeding pools could
evaporate before tadpoles can complete metamorphosis. Moreover, Great Plains Toads are rarely
found in muddy waters and only use clean water for breeding (Bragg 1937, 1940), which

13

correspond with results indicating that distance to pollution was somewhat influential for
predicting Great Plains Toad occurrence. Studies have also demonstrated that Great Plains Toads
are sensitive to certain fungicides, resulting in significant mortality among tadpoles and juveniles
(Belden et al. 2010, Hartman et al. 2014). Conversely, early records of Great Plains Toads report
that this species was commonly found on agricultural lands, which should be noted as prominent
habitat (Bragg 1937).
Our model indicated Woodhouse’s Toad distribution was greatly influenced by the
distance to rivers and lakes. Woodhouse’s Toads are known to occur in high-density temporary
wetland landscapes (Lannoo 2005) and overwinter near deep-water habitat as they are not a
freeze-tolerant species (Swanson et al. 1996). Our findings are consistent with previous studies
indicating that distance to deep water strongly influenced habitat suitability for Woodhouse’s
Toads (Mushet et al. 2012). Moreover, the relationship between distance to rivers and
Woodhouse’s Toad occurrence could also be linked to soil type. Woodhouse’s Toads are often
found in areas with bare ground (Hansen et al. 2012), such as sandy river banks where breeding
in shallow backwaters can occur with little interactions with predators (Underhill 1960, Chan and
Zamudio 2009).
Unlike our other toad models, the RCP6.0/CONUS B2 model predicted small distribution
gains for American Toads in eastern South Dakota, whereas our RCP8.5/CONUS A2 model
predicted more pronounced declines for this species. The RCP6.0/CONUS B2 scenario
represents a situation with modest climate change and changes in land use to accommodate
BECCS. Specifically, grassland and wetland classes are expected to moderately increase under
this scenario, whereas the amount of area used for cropland is predicted to decrease (Sohl et al.
2014). This increase in grassland and wetland habitat under the CONUS B2 scenario likely plays
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a role in American Toad persistence, given that American Toads require permanent bodies of
water for reproduction and prefer grassland habitat as adults. Additionally, low-intensity
agriculture and increased deciduous forest cover have been associated with American Toad
persistence (Gibbs et al. 2005) and are representative of the CONUS B2 land-use/change
scenario (Sohl et al. 2014).
Alternatively, the CONUS A2 land-use/change scenario represents a future with
substantial grassland and wetland loss and a 7.8% increase in cropland from 2010 to 2050 (Sohl
et al. 2014). This scenario also represents a 50.5% increase in urban area (Sohl et al. 2014),
which has been negatively associated with American Toad occurrence and likely plays a role in
the disappearance of this species under the CONUS A2 scenario (Gibbs et al. 2005). Moreover,
our model indicated American Toad occurrence was highly influenced by precipitation levels
during the spring, summer, and winter. Although adults are relatively tolerant of arid conditions,
American Toad tadpoles require long hydroperiods to complete metamorphosis (Oldfield and
Moriarty 1994). Prairie pothole wetlands are highly dependent on snow melt (i.e., winter
precipitation) and spring precipitation in order to maintain their ephemeral status and will likely
be highly influenced by changes in precipitation events. Despite predicted increases in
precipitation in the southeastern UMRB, increases in rainfall may not outweigh anticipated
increases in temperature, resulting in reduced hydroperiod and water loss for wetlands (Fay et al.
2016), which may affect the survival of American Toad tadpoles and juveniles.
Although increased precipitation may be beneficial for amphibians in the southeastern
UMRB in some aspects, higher precipitation levels in the UMRB may also provide corridors for
fish dispersal (McCauley et al. 2015), which often prey on tadpoles. For example, mosquitofish
had a negative impact on American Toad survivorship in a mesocosm-based experiment (Smith
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and Dibble 2012) and stickleback fish are known to cause sublethal injuries to toads, such as
tearing off feet or toes (Bowerman et al. 2010). Therefore, predicted elevated precipitation levels
in the southeastern UMRB could lead to increased fish abundance and distribution and may
negatively impact larval amphibian survivorship, resulting in decreased occupied area in the
UMRB over time.
Amphibians in western UMRB
Alternatively, the western edge of the UMRB consists of high elevation, forested habitat
and encompasses parts of Montana and Wyoming. Previous studies have suggested this area is
prone to an increase in lightning fire activity due to warming temperatures, drying conditions,
and variable precipitation patterns (Li et al. 2020). These trends were particularly pronounced in
Flathead (Montana) and Yellowstone National Park (Wyoming; (Li et al. 2020), which are home
to several montane amphibian species including Western Toads, Rocky Mountain Tailed Frogs,
and Columbia Spotted Frogs. Overall, our models predicted that Columbia Spotted Frogs and
Western Toads would undergo larger declines compared to Mountain Rocky Tailed Frogs.
Western Toads are listed a species of concern in Wyoming (Franklin et al. 2018) and Montana,
whereas Mountain Rocky Tailed Frogs are only listed in Montana (IUCNredlist.org).
Surprisingly, Columbia Spotted Frogs are listed as ‘Least Concern’ by the IUCN, despite
previous reports of population declines as a result of substantial changes in climatic and
hydrologic conditions (McMenamin et al. 2008).
These three species had high degrees of overlap in their distributions and subsequently
had the same top four predictors, albeit in different orders of importance. Our models indicated
these species were highly dependent on summer temperature, elevation, winter precipitation
levels, and geology. These four variables likely interact to determine species distributions, in
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which elevation is linked to temperature during summer and winter months, winter precipitation
controls snowfall, and geology determines soil moisture content. Columbia Spotted Frogs were
predicted to experience minimal declines in occupied territory (0.3% decline) under the
RCP6.0/CONUS B2 scenario; however, these declines were much higher under the agriculturally
intensive RCP8.5/CONUS A2 scenario. This suggests Columbia Spotted Frogs may be more
impacted by changes in land use than our models suggest, which is likely a result of penalizing
high categorical variables when building the model. Alternatively, steeper declines under the
more ‘severe’ scenario (RCP8.5/CONUS A2) may be due to variables that were not included in
our models, such as habitat connectivity or water temperature. Notably, our models accurately
predicted the presence of Columbia Spotted Frogs in the Great Basin of Wyoming, despite not
being trained with occurrence records from this region. Moreover, our models are consistent with
previous studies that indicated the disjunct Great Basin Columbia Spotted Frog population may
fail to persist under the RCP8.5/CONUS A2 scenario as a result of geographical isolation (i.e.,
poor gene flow) and declining suitable habitat due to warming and drying conditions (Arkle and
Pilliod 2015, Pilliod et al. 2015).
Interestingly, Rocky Mountain Tailed Frogs were predicted to undergo larger declines
under the RCP6.0/CONUS B2 scenario compared to the RCP8.5/CONUS A2 scenario. Rocky
Mountain Tailed Frogs typically reside in mountain streams within old-growth forests, therefore
differences in predicted presence between the two future scenarios may be related to disparities
in clear cutting practices. Our results are consistent with previous reports indicating the
importance of geology and land-use in determining the occurrence of Mountain Rocky Tailed
Frogs (Dupuis and Friele 2006). Additionally, adult Rocky Mountain Tailed Frogs are highly
susceptible to desiccation and therefore only travel approximately 100 meters from their natal
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streams (Hobbs et al. 2019). Given this information, its plausible that the importance of geology
in the Rocky Mountain Tailed Frog model may be related to soil moisture content.
Lastly, Western Toads were predicted to experience the largest declines under both future
scenarios among the three montane species. Research has shown that Western Toad survivorship
is linked to snow depth and winter environmental moisture levels in Colorado (Browne and
Paszkowski 2010), which is consistent with our findings that highlight the importance of winter
precipitation and geology. Western Toads, along with the other two montane amphibian species,
are freeze intolerant and therefore require sufficient overwintering habitat. Our model indicated
Western Toad occurrence was slightly influenced by landcover type, which is consistent with
previous research indicating this species will not hibernate in human-altered landscapes (e.g.,
agricultural fields, clear cut forests, or urban areas) (Browne and Paszkowski 2010).
Although a warming climate with less severe winters may be beneficial for these
montane species (McCaffery and Maxell 2010), these climatic conditions could also contribute
to the drying of vital aquatic habitat. Given the anticipated drying and warming effects of climate
change in the western portion of the UMRB, it seems likely these montane amphibian
populations and their occupied habitat will continue to decline in accordance with our models.
Conclusion
Overall, future changes in amphibian distributions were highly variable and dependent on
species and geographic location. Although all species were predicted to experience increases and
decreased in occupied territory, our future projection models suggest that montane species are at
the highest risk of occupied territory declines, whereas anurans, that primarily occupied lowlands
and grasslands, are at the lowest risk of declines in suitable habitat. Amphibians in the western
portion of the UMRB will likely suffer as a result from increased temperatures and decreased
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snow melt, resulting in the drying of mountain streams and wetlands. These conditions were
more intense under the RCP8.5 climate scenario, resulting in more pronounced declines in
occupied territory in the western UMRB. However, these montane species primarily occupy high
elevation sites and therefore are less likely to be directly impacted by high-intensity agriculture.
Nevertheless, agriculture intensification could still impact these species if water resources are redirected for agricultural purposes. In contrast, amphibians that occupied the southeastern corner
of the UMRB were generally predicted to experience increases in occupied area, apart from
American Toads. These species will likely benefit from increased temperatures and elevated
precipitation levels, which may provide new thermally suitable habitat and allow for northern
expansion, particularly under the RCP8.5 climate scenario. Alternatively, American Toads were
predicted to experience declines which is likely a result of increased agricultural intensification
and subsequent decreased grassland and wetland habitat in this region under the CONUS A2
land-use/change scenario. Amphibians in the southeastern UMRB are highly dependent on
aquatic habitat (i.e., wetlands, rivers, lakes), therefore increased agricultural production and
urbanization may also contribute to higher pollution levels in these remaining aquatic habitats.
Recent studies have indicated avian species in the UMRB may largely benefit from a
warming environment (Baltensperger et al. 2020); however, the impacts of climate change are
likely to be more severe for amphibian populations due to their inability to migrate over long
distances to find new suitable habitat. Land managers and amphibian conservationists should
closely examine and consider habitat connectivity and agricultural pollution levels when
designing future conservation strategies and planning for the implementation of BECCS.
Ultimately, the persistence of amphibian populations in the UMRB will greatly depend on the
availability, connectivity, and purity of aquatic habitat as well as the ability of the species to
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adapt to rapidly changing conditions and the potential for successful population reintroduction or
relocation programs.
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Figure 1.1. Map of the Upper Missouri River Basin study area (grey outline) superimposed on the contiguous
United States.
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Figure 1.2. Predicted relative index of occurrence (RIO) for Blanchard’s Cricket Frogs under A) current (2005)
climate and land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points
represent known occurrences.
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Figure 1.3. Predicted relative index of occurrence (RIO) for Plains Leopard Frogs under A) current (2005) climate
and land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points
represent known occurrences.
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Figure 1.4. Predicted relative index of occurrence (RIO) for Great Plains Toads under A) current (2005) climate and
land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points represent
known occurrences.
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Figure 1.5. Predicted relative index of occurrence (RIO) for Woodhouse’s Toads under A) current (2005) climate
and land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points
represent known occurrences.
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Figure 1.6. Predicted relative index of occurrence (RIO) for Western Toads under A) current (2005) climate and
land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points represent
known occurrences.
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Figure 1.7. Predicted relative index of occurrence (RIO) for Rocky Mountain Tailed Frogs under A) current (2005)
climate and land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points
represent known occurrences.
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Figure 1.8. Predicted relative index of occurrence (RIO) for Columbia Spotted Frogs under A) current (2005)
climate and land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points
represent known occurrences.
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Figure 1.9. Predicted relative index of occurrence (RIO) for American Toads under A) current (2005) climate and
land use B) RCP6.0/CONUS B2 Scenario (2060) C) RCP8.5/CONUS B2 Scenario (2060). Black points represent
known occurrences.
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Table 1.1. Predictor variables used in models, data type (continuous or categorical), and whether variables change
across time (static or dynamic). Continuous data have a 30-m resolution while categorical data have a 1-km
resolution. We downloaded and used the ‘Ensemble’ scenarios (ensemble of 17 CMIP5 model predictions) for
future climatic predictions, which reflect the CMIP5 scenarios RCP6.0 and RCP8.5 for the decade of 2060. CONUS
historical landcover (2005) was used for ‘current’ landcover data and was obtained from (Sohl et al. 2014).

Variable Name

Data Type

Temporal
Stability

Source

Aspect

Continuous

Static

Distance to Dams

Continuous

Static

http://ned.usgs.gov/
usgs.gov/core-science-systems/ngp/nationalhydrography

Distance to Lakes

Continuous

Static

http://nhd.usgs.gov/

Distance to Rivers

Continuous

Static

Distance to Streams
Distance to Pollution
Source

Continuous

Static

http://nhd.usgs.gov/
usgs.gov/core-science-systems/ngp/nationalhydrography

Continuous

Static

epa.gov/geospatial

Distance to Wetlands

Continuous

Static

http://www.fws.gov/wetlands/data

Elevation (DEM)

Continuous

Static

http://ned.usgs.gov/

Geology

Categorical

Static

usgs.gov/centers/eros/data-tools

Land Status

Categorical

Static

consbio.org/products/projects/pad-us-cbi-edition

Terrain Ruggedness

Continuous

Static

http://ned.usgs.gov/

Slope
Historical CONUS
FORE-SCE
Landcover (19922005)
CONUS FORE-SCE
A2 Landcover (20062100)
CONUS FORE-SCE
B2 Landcover (20062100)
Winter precipitation
(1961-1990)
Winter precipitation
(2060) - RCP6.0
Winter precipitation
(2060) - RCP8.5
Spring precipitation
(1961-1990)
Spring precipitation
(2060) - RCP6.0
Spring precipitation
(2060) - RCP8.5
Summer precipitation
(1961-1990)
Summer precipitation
(2060) - RCP6.0
Summer precipitation
(2060) - RCP8.5

Continuous

Static

http://ned.usgs.gov/

Continuous

Dynamic

https://www.sciencebase.gov/catalog/item/5b96c2f9e4b
0702d0e826f6d

Continuous

Dynamic

https://www.sciencebase.gov/catalog/item/5b96c2f9e4b
0702d0e826f6d

Continuous

Dynamic

https://www.sciencebase.gov/catalog/item/5b96c2f9e4b
0702d0e826f6d

Continuous

Dynamic

http://charcoal.cnre.vt.edu/climate/current/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

http://charcoal.cnre.vt.edu/climate/current/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

http://charcoal.cnre.vt.edu/climate/current/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/
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Mean temperature in
the warmest quarter
(1961-1990)
Mean temperature in
the warmest quarter
(2060) - RCP6.0
Mean temperature in
the warmest quarter
(2060) - RCP8.5
Mean temperature in
the coldest quarter
(1961-1990)
Mean temperature in
the coldest quarter
(2060) - RCP6.0
Mean temperature in
the coldest quarter
(2060) - RCP8.5

Continuous

Dynamic

http://charcoal.cnre.vt.edu/climate/current/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

http://charcoal.cnre.vt.edu/climate/current/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/

Continuous

Dynamic

https://charcoal2.cnre.vt.edu//climate/future/
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Scientific
name

Acris
blanchardi
Anaxyrus
americanus
American Toad
Anaxyrus
Western Toad
boreas
Anaxyrus
Great Plains Toad
cognatus
Anaxyrus
Woodhouse's Toad
woodhousii
Rocky Mountain
Ascaphus
Tailed Frog
montanus
Rana
[Lithobates ]
Plains Leopard Frog blairi
Columbia Spotted
Rana
Frog
luteiventris

Blanchard's Cricket
Frog

Common name

13,247

2,108

866

276

2,627

1,032

546

87

5,149

1,015

3,354

3,989

101

122

5,861

Pseudoabsences
(n )

139

Presences
(n )

0.99

0.99

0.99

0.94

0.89

0.99

0.99

0.99

AUC ROC

92.7

96.6

92.8

84.4

79.8

92.1

94.6

96.9

Specificity
(%)

98.8

97.4

100

85.7

80.6

97.5

100

100

Sensitivity
(%)

93.5

96.6

93.1

84.7

80.6

92.9

94.8

100

Accuracy
(%)

58

23

8

22

53

29

29

76

100

100

100

90.9

92.5

89.7

100

100

Independent
Independent
validation
validation (n )
accuracy (%)

Table 1.3. List of ordered variable importance and relative importance (%) for each species modeled.

Species

Blanchard's Cricket Frog

Great plains toad

Woodhouse's Toad

Plains Leopard Frog

Columbia Spotted Frog

Western Toad

Rocky Mountain Tailed
Frog

American Toad

Order of
importance

Variable

Relative
importance (%)

1

Summer precipitation

100

2

Elevation

97.55

3

Spring precipitation

79.27

4

Summer temperature

62.16

1

Elevation

100

2

Summer temperature

92.37

3

River distance

65.27

4

Pollution distance

55.26

1

River distance

100

2

Summer temperature

70.22

3

Lake distance

62.76

4

Elevation

54

1

Summer precipitation

100

2

Spring precipitation

86.49

3

Summer temperature

78.71

4

Elevation

75.29

1

Summer temperature

100

2

Elevation

89.25

3

Winter precipitation

60.39

4

Geology

51.11

1

Summer temperature

100

2

Geology

82.57

3

Elevation

74.92

4

Winter precipitation

64.15

1

Summer temperature

100

2

Elevation

83.07

3

Winter precipitation

74.94

4

Geology

39.5

1

Summer precipitation

100

2

Elevation

71.1

3

Spring precipitation

67.64

4

Winter precipitation

47.05
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34

69,252
42,392
42,845
43,657
42,312

22,614
176,650
120,954
27,200
55,050

Blanchard's Cricket Frog

Great Plains Toad
Woodhouse's Toad

Plains Leopard Frog
Columbia Spotted Frog

Western Toad
55,980
Rocky Mountain Tailed Frog 49,666
American Toad
39,036

260,806
203,921

47,097

Presence
Area 2005

Species

35,342
44,967
12,324

92,169
39,948

359,560
416,010

62,807

-13,135
-6,009
3,276

42,052
-12,658

84,156
82,967

24,483

-30.6%
-13.8%
7.7%

60.7%
-0.3%

32.3%
40.7%

52%

-20,638
-4,699
-26,712

64,969
-15,102

182,910
295,056

40,193

-58.4%
-10.4%
-216.7%

70.5%
-37.8%

50.9%
70.9%

64%

Presence Area Presence Area Net Change (km2 ) % Change
Net Change (km2 ) % Change
2060
2060
(Current 2005 vs. (Current 2005 vs. (Current 2005 vs. (Current 2005 vs.
(RCP6.0/B2) (RCP8.5/A2) RCP6.0/B2)
RCP6.0/B2)
RCP8.5/A2)
RCP8.5/A2)

Chapter 2
Detection of Imidacloprid and Metabolites in Northern Leopard Frog (Rana pipiens)
Brains
Introduction
Modern day agricultural practices rely heavily on a new class of insecticides, the
neonicotinoids (Main et al. 2014a). Since the introduction of neonicotinoids in the 1990s, they
have become highly favored and used worldwide (Miles et al. 2017). Over 6.7 million pounds of
neonicotinoids are annually applied in the United States, with imidacloprid, thiamethoxam, and
clothianidin being the most frequently used neonicotinoids (Bradford et al. 2018). Neonicotinoid
insecticides are broad-spectrum toxicants and target the post-synaptic nicotinic acetylcholine
receptors (nAChRs) in the central nervous system of invertebrates (Miles et al. 2017). These
contaminants bind almost irreversibly to nAChRs, causing overstimulation, paralysis, and
ultimately death. Although it has been widely accepted that neonicotinoids have selective
toxicity for insects, the validity of this notion has been recently challenged with several studies
showing affinity for nAChRs in vertebrate brains (Burke et al. 2018, Roy et al. 2020).
Recently, neonicotinoids have warranted concern due to widespread use, high water
solubility (logkow 0.57 to 1.26) and potential toxicity to non-target organisms (Bradford et al.
2018, Özdemir et al. 2018b, Schwarz et al. 2018, Katić et al. 2020). Neonicotinoids and other
agricultural contaminants are often transported to nearby bodies of water through subsurface
drainage systems, agricultural runoff, and drift from aerial spraying (Main et al. 2014a).
Neonicotinoids, specifically imidacloprid, have been detected in bodies of water all over the
world, including Canada (Struger et al. 2017), Bangladesh (Sumon et al. 2018), and the
Netherlands (Morrissey et al. 2015). In the United States alone, pesticides can be found in 30-
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60% of shallow ground water and 60-95% of streams (Buck et al. 2015). Previous studies have
detected clothianidin concentrations up to 0.257 μg/L in Iowa (Hladik et al. 2014), thiamethoxam
concentrations of 2.49 μg/L in South Dakota (Schwarz et al. 2018), and imidacloprid
concentrations up to 41.1 µg/L in California (Mineau 2020) and 1.59 µg/L in Wisconsin drinking
water (Bradford et al. 2018). Additionally, elevated levels of neonicotinoids have been detected
in South Dakota wetlands that are connected to subsurface tile drainage systems (Schwarz et al.
2018).
These largely unprotected, ephemeral wetlands provide habitat for amphibians, which are
currently the most threatened vertebrate class (Stuart et al. 2004). Amphibians play an important
role in the ecosystem by serving as early indicators for declining water quality and overall
ecosystem health (Hocking and Babbitt 2014). Additionally, amphibians are also known to
provide a wide range of ecosystem services, such as consuming a large variety of agricultural
pests and distributing nutrients between aquatic and terrestrial habitats (Mushet et al. 2014).
Many pesticides found in agricultural wetlands, presumably from tile drains, have been
shown to contribute to physiological, behavioral and morphological abnormalities in amphibians
that can ultimately lead to population declines (Mann et al. 2009, Smalling et al. 2015, Jones et
al. 2017b, Rohr et al. 2017). Amphibians’ highly permeable skin and extended period of time
spent in water make them exceptionally susceptible to chronic exposure of water-soluble
contaminants (Lanctôt et al. 2017). Previous studies have detected the presence of
neonicotinoids, specifically imidacloprid, in fish brain tissue after exposure to various
concentrations (Iturburu et al. 2017, Özdemir et al. 2018b). Detection of imidacloprid in fish
brain tissue indicates that this contaminant can cross the blood-brain barrier (BBB) in organisms
other than insects, thus contributing to potential negative impacts on the central nervous system.
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Furthermore, studies have also found changes in amphibian brain widths in the optic tectum
(region responsible for vision), medulla oblongata (respiratory and auditory function), and the
diencephalon (regulates the endocrine system, homeostasis, motor function control, and relays
sensory information) in Rana pipiens after exposure to the insecticide, chlorpyrifos, which also
targets cholinergic neurotransmission (McClelland et al. 2018). These changes in brain widths
are likely due to apoptosis and neural swelling, providing a probable cause for negative neural
impacts and consequent behavioral changes in amphibians (Woodley et al. 2015, McClelland et
al. 2018). Studies have also shown that imidacloprid can reduce action potential amplitude, area
and latency of the sciatic nerve in Rana ridibunda (Akbas et al. 2014) and cause DNA damage in
other amphibian species (Feng et al. 2004, Ruiz de Arcaute et al. 2014). Due to previously
reported abnormal behavior, physiological disruptions, and detections of neonicotinoids in the
tissue of other vertebrate taxa, there is a high likelihood that imidacloprid can cross the BBB in
amphibians and alter behavioral performance following exposure.
Despite widespread studies showing the negative impacts of imidacloprid on non-target
organisms, such as various bee species (Tasman et al. 2020), this neurotoxic chemical is still
widely used throughout the United States. Moreover, there is a general lack of knowledge about
the uptake and distribution of imidacloprid in vertebrate brains, particularly aquatic organisms.
Therefore, research focusing on the neurotoxicity of imidacloprid in amphibians is highly
warranted and overdue considering imidacloprid was first introduced over 30 years ago. To fill
this important research gap, we investigated the effects of imidacloprid in adult Northern
Leopard frogs (Rana pipiens) in a laboratory based study. The aims of this study were to 1)
quantify imidacloprid and the metabolite, imidacloprid-olefin, enrichment in adult Northern
Leopard frog brains; 2) reveal behavioral effects of aquatic exposure to imidacloprid at
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environmentally relevant concentrations; 3) determine differences in total length and body mass
between treatment groups; and 4) establish if there is a relationship between imidacloprid brain
concentration and feeding response times.
Materials and Methods
Field collection
Fifty adult Northern Leopard frogs were collected from a single reference U.S. Fish and
Wildlife Service Waterfowl Production Area in eastern South Dakota (Lost Lake WPA:
43.67738, -97.05740). This site is part of a long-term monitoring study and previous data support
this wetland as a reference site (Schwarz et al. 2018). Collected individuals were housed in
standard 10-gallon tanks at 26°C (± 0.48 °C) with a photoperiod set at 12:12-h light:dark and
allowed to acclimate for one week prior to experimental exposure. Following the acclimation
period, animals were transferred to individual plastic containers containing 1000 mL of dosed
water, which roughly came up to the animal’s “mid-section”, for the remainder of the study. All
animals were collected under a scientific collector’s permit (permit #21) issued by the South
Dakota Game, Fish and Parks and all procedures were carried out with approval from the
Institutional Animal Care and Use Committee at the University of South Dakota (Vermillion,
SD, USA).
Experimental design
To investigate the ability of imidacloprid to cross the blood brain barrier in amphibians,
adult Northern Leopard frogs were randomly exposed to treatments of analytical standard
imidacloprid (Sigma-Aldrich; CAS no.138261-41-3) at nominal concentrations of 0, 0.1, 1, 5,
and 10 µg/L (control=reconstituted reverse osmosis water and 0.001% dimethyl sulfoxide
(DMSO)) for 21 consecutive days (n=10 per treatment). These concentrations are considered
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environmentally relevant and were based on results from a long-term study in eastern South
Dakota and prior detections throughout the United States and several other countries (SánchezBayo et al. 2016, Schwarz et al. 2018, Mineau 2020). Water was changed and re-dosed with the
appropriate imidacloprid concentration every 7 days. Tank locations were rotated at random biweekly to avoid potential micro-environmental effects. Mass and total length were documented
at the beginning and end of the experiment and mass was subsequently recorded every 7 days
with water changes.
Prior to exposure, a stock solution was prepared by diluting imidacloprid in DMSO.
Previous studies have indicated DMSO concentrations at or below 20 µL/L (0.02% DMSO) can
be used in amphibian ecotoxicology studies (Young et al. 2020). This agrochemical was selected
because imidacloprid is widely used throughout the United States and has been previously
detected at high concentrations in tile wetlands in South Dakota (Schwarz et al. 2018).
Individuals were anesthetized via benzocaine and euthanized via rapid decapitation. Decapitated
heads were immediately flash frozen and stored at -80°C. Flash frozen Northern Leopard frog
heads were removed from -80°C at a later date and whole brains were quickly and carefully
excised, trimmed of cranial nerves, and weighed. All excised whole brain samples were stored in
micro-centrifuge tubes at -20°C prior to shipment to the University of North Dakota (Grand
Forks, ND) for imidacloprid and imidacloprid-olefin tissue concentration analysis. Imidacloprid
and imidacloprid-olefin brain concentrations were normalized to protein concentration (pg/mg
protein) to account for varying water loss among brain samples during sample storage and
shipping (Appendix A).
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Imidacloprid and Imidacloprid-Olefin analysis
Liquid chromatography-tandem mass spectrometry was used to determine imidacloprid
and imidacloprid-olefin concentrations in whole brain samples at the University of North
Dakota’s Mass Spectrometry Core facility (Grand Forks, ND) (Appendix A). Liquid
chromatography mass spectrometry was used to confirm experimental stock solution
concentrations at the University of Nebraska-Lincoln Water Science Laboratory (Lincoln, NE).
Verified stock solutions were within 68-82% of nominal stock concentrations.
Feeding trials
Three feeding trails were conducted during the 21-day exposure to varying
concentrations of imidacloprid. One cricket was placed at the front of each container and ‘time to
consumption’ was recorded in seconds. Timing was stopped after two minutes (120 seconds) and
individuals that did not consume the cricket within this time were noted. Crickets that were not
consumed within 120 seconds were left in the container to ensure all animals were fed the same
amount. Individuals were fed in a random order and dividers were placed between each tank
during feeding trials to prevent distractions and agitation of adjacent amphibians. All feeding
trials occurred 24 hours after water changes and re-dosing of imidacloprid concentrations.
Statistical modeling
All data were analyzed using R (R Development Core Team 2017) in RStudio (RStudio
Team 2020). Relationships between response and predictor variables were assessed through
generalized linear and generalized linear mixed models using Bayesian inference. A gamma
distribution with a log link was chosen for most models due to the positive nature of our data. A
skew normal distribution was used to model the relationship between imidacloprid-olefin brain
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concentration and treatment group due left-skewness and small values in this dataset. Priors were
determined through prior simulation (Wesner and Pomeranz 2020).
Models were fit using rstan (Stan Development Team 2020) via the brms (Bürkner 2017)
package. Markov chain Monte Carlo (MCMC) was used to obtain the joint posterior distribution.
All models contained four chains and a minimum of 2000 iterations, 500-800 of which were used
as warm-ups and discarded (Supplementary Table 2.1). Model convergence was visually
assessed through trace plots of the posterior distribution and r-hat values (potential scale
reduction factor). All models had r-hat values less than 1.1, indicating model convergence.
Model fit was inspected through posterior predictive checks, including boxplots and histograms
(Gelman and Shalizi 2013). For each model, means and 95% credible intervals were estimated
for the parameters from the posterior distribution. The loo package (Yao et al. 2018) was used to
compute approximate leave-one-out cross-validation for model comparison.
Response variables were compared over treatments and dates to derive the probability of
a difference among means. The difference between two responses was calculated over the
number of iterations from the posterior distribution and then the number of differences greater
than zero was divided by the number of samples in the distribution, producing a percent
probability of the difference. We highlight below when mean differences were different between
groups when the 89% posterior credible interval did not contain zero. All data and code are
available through GitHub (user: kscampbell, repository: imi_brain_lab).
Results
Imidacloprid brain concentrations
Imidacloprid brain levels were concentration dependent and increased linearly (Figure
2.1). Average imidacloprid brain concentrations ranged from 4.36 pg/mg protein in the control
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group to 1365 in the 10 µg/L group. There was a greater than 99% probability that each
treatment group had higher imidacloprid brain concentrations compared to the control (Table
2.1).
Imidacloprid-Olefin brain concentrations
Average imidacloprid-olefin brain concentrations followed a dose-response relationship
and ranged from 2.18 to 15 pg/mg protein (Figure 2.2). The control group had an average 2.18
imidacloprid-olefin pg/mg protein (± 0.66 SD; 89% CrI [1.0, 3.24]), despite never being exposed
to contaminants in a lab setting. Based on our data and the model, imidacloprid-olefin brain
concentrations in the 0.1 and 1 µg/L treatment groups were not different from the control (Table
2.2). However, there was a > 99% probability that the 5 and 10 µg/L exposure groups differed in
imidacloprid-olefin brain levels compared to the control (Table 2.2).
Feeding response times
Average response times across all feeding trials and treatments ranged from 10.4 to 32.9
seconds. Reaction times followed a biphasic dose-response relationship (hormesis), in which the
1 µg/L exposure group experienced the slowest reaction times (32.9 ± 17 SD; 89% CrI [12.3,
63.5]) (Figure 2.3). Reaction times varied by treatment and trial date. On average, response times
were slowest during the 1st (28.8 sec ± 15.5 SD; 89% CrI [10.5, 57]) and 3rd (22 sec ± 11.9 SD;
89% CrI [8.18, 43.7]) feeding trials, while reaction times were fastest during the 2nd trial (11.5
sec ± 6.1 SD; 89% CrI [4.2, 22.3]). When comparing mean differences in reaction time by
treatment, the 89% credible intervals for the 0.1, 1, and 5 µg/L groups did not contain zero,
indicating reaction times were different from the control. Conversely, average reaction times in
the 10 µg/L treatment were 4.8 seconds (± 6.5 SD; 89% CrI [-3.5, 16.2]) slower than the control
and the credible interval for the difference of means contained zero, indicating reaction times in
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10 µg/L treatment were not different from the control group (Table 2.3). Additionally, the 1 and
10 µg/L treatments were different from each other, in which response times were 17.6 seconds
slower in the 1 µg/L group (89% CrI [1.5, 43.1]).
Interaction between response time, treatment, and imidacloprid brain concentrations
There was a positive relationship between log-transformed imidacloprid brain
concentration and mean feeding response times (Figure 2.4; slope: 1.1 (1.0 to 1.2); median (89%
CrI)). There was a >99.99% probability that the slope was greater than zero. Additionally, the
relationship between mean response time and log-transformed imidacloprid brain concentration
was asymptotic but was linear on the log-log scale (Figure 2.4).
Morphological changes
Average initial body mass ranged from 15.4 to 20.3 g in all treatments, while final body
mass ranged from 13.2 to 17.9 g. The control group had higher initial body mass compared to the
1 and 10 µg/L groups, but was not considered different from the 0.1 or 5 µg/L treatments.
Similarly, final body mass was highest in the control group and was different from the 1 and 10
µg/L treatments, but not the 0.1 or 5 µg/L groups (Supplementary Table 2.2). Total loss of body
mass ranged from 2.1 to 2.4 g, in which there was a greater than 99.97% probability that final
body mass was lower than initial body mass among all treatments (Supplementary Table 2.2).
Although all treatments experienced a loss of body mass, these differences were not considered
significant between treatments (Supplementary Figure 2.1).
Average total length at the start of the experiment ranged from 57 to 63.1 mm and final
total length ranged from 64.7 to 69.9 mm. Average growth among treatment groups ranged from
5.7 to 12.3 mm, with the most growth occurring in the 0.1 µg/L group and the least amount of
growth occurring in the 10 µg/L treatment (Supplementary Figure 2.2). On average, the 0.1 µg/L
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treatment grew 5.7 mm more than the control group, with a >98% probability that the difference
was greater than zero (± 2.69 SD; 89% CrI [1.46 , 9.97]). All other treatments were not
considered different from the control in terms of growth (Supplementary Table 2.3).
Discussion
The present study represents the first detection of imidacloprid and imidacloprid-olefin in
amphibian brain tissue, indicating the ability of imidacloprid to cross the BBB in adult
amphibians. Furthermore, these results add to the growing body of evidence that neonicotinoids
can alter body morphology, feeding behavior, and response times in amphibians at ecologically
relevant concentrations.
We detected imidacloprid and imidacloprid-olefin concentrations up to 1365 and 15
pg/mg protein respectively in amphibian whole brain samples. Interestingly, previous studies
have reported the potential low neurotoxicity and even the inability of imidacloprid to cross the
BBB in vertebrates due to the varying number, subtypes, and electrical charges of vertebrate
nAChRs (Tomizawa and Casida 2003, Tomizawa 2004, Sheets 2010, Berheim et al. 2019,
Thompson et al. 2020). However, our results show clear evidence of dose-dependent
bioaccumulation in amphibian neural tissue, in which imidacloprid and imidacloprid-olefin brain
concentrations increased monotonically. This dose-response relationship is characteristic of
many other contaminants and is not particularly surprising, however, imidacloprid brain
concentrations increased by a factor of 313, suggest imidacloprid may have stronger binding
affinity that previously thought or has the ability to bind at multiple locations. Moreover, there
was 9.75% protein in the brain (± 6.48% SD, n=80). Assuming 1 g/mL brain specific gravity
(Larramendi et al. 2021), the highest exposure group had 140 µg/L of brain tissue or 14 times
higher imidacloprid brain levels compared to exposure concentration. These results further
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support the notion that imidacloprid can bioaccumulate in the amphibian brain despite low
exposure concentrations.
Mean imidacloprid brain concentrations in the control group were 4.36 pg/mg protein,
despite never being exposed to imidacloprid during the course of the experiment. This is likely
due to pre-exposure in the field prior to collection for this study. Based on a previous field study
(Campbell et al. unpublished), baseline imidacloprid brain concentrations in juvenile Northern
Leopard frogs collected from the same Reference Wetland were 2.25 pg/mg protein, which was
similar to the amount of imidacloprid in control group brains in the present study (variation in
brain concentration may be due to sampling in different months and age class). Since control
animals were not exposed to imidacloprid during the 21 days of the experiment, the presence of
imidacloprid in control brains approximately 1 month (1 week of depuration + 3 weeks of
experiment) following potential field exposure likely suggests poor neuronal detoxification in
adult Northern Leopard frogs.
Similarly, average imidacloprid-olefin brain concentrations in the control group were
2.18 pg/mg protein, owning to metabolism of imidacloprid in the brain. Neonicotinoids often
induce delayed toxicity (van Lexmond et al. 2015), therefore response times in the control group
may represent the effects of low imidacloprid and imidacloprid-olefin brain concentrations on
foraging behavior instead of the behavior of naïve, un-exposed amphibians. To fully understand
the behavioral effects of imidacloprid on adult Northern Leopard frogs, future studies should
induce mating of un-exposed adults and use the reared offspring for experimental exposures and
behavioral trials.
Although imidacloprid-olefin was detected at much lower concentrations than
imidacloprid in brain tissue, metabolites are often more toxic and persistent than the parent
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compound itself (Hussain et al. 2016, Thompson et al. 2020). The three main imidacloprid
metabolites include imidacloprid-olefin, 5-hydroxy-imidacloprid (5-OH-imidacloprid), and 4,5dihydroxy-imidacloprid, two of which can be directly converted to imidacloprid-olefin.
Additionally, imidacloprid-olefin has been reported to be 10 times more toxic to insects and
mammals and shows a higher affinity for mammalian nAChRs (Honda et al. 2006, Hussain et al.
2016). Recent studies have reported imidacloprid and imidacloprid-olefin residues in the brain
tissue of lizards (Wang et al. 2019), rock pigeons (Abu Zeid 2018), and chameleon cichlids
(Iturburu et al. 2017); suggesting that imidacloprid can cross the BBB of a wide range of
taxonomic groups and could have broad negative impacts on biodiversity and human
communities.
Regarding morphological changes in imidacloprid dosed groups, all groups experienced a
decrease in body mass, however these differences were not considered different between
treatments. Previous studies have reported a loss in body mass in rabbits (Memon et al. 2014),
mice (Arfat et al. 2014), rats (Mohamed et al. 2016), and birds (Eng et al. 2017) following
imidacloprid exposure. Alternatively, Robinson et al. (2017) did not detect any impacts of
imidacloprid exposure on body mass in chronically exposed wood frog tadpoles. It is evident that
imidacloprid can have variable responses on body mass among taxonomic groups and varying
age-class, thus it is imperative for future studies to focus on the direct effects of imidacloprid on
metabolic activity and how this corresponds to an increase or decrease in body mass.
Unexpectedly, all groups experienced an increase in body length, however, only the
lowest exposure group (0.1 µg/L) experienced significant growth compared to the control.
Additionally, the highest exposure group (10 µg/L) experienced the least amount of growth,
however, it was not different from the control group. This is a prime example of hormesis, in
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which there is low dose stimulation and inhibition at higher doses. These findings are in
opposition of previous studies that suggest imidacloprid exposure often results in decreased
growth in terms of body length (Gibbons et al. 2015).
We found exposure to imidacloprid at ecologically relevant concentrations resulted in
slower feeding response times in adult Northern Leopard frogs, however the 10 µg/L treatment
was not considered different from the control (Table 3). Additionally, there was a positive
relationship between log transformed imidacloprid brain concentrations and average feeding
response time, suggesting imidacloprid brain levels may alter foraging ability in adult
amphibians. Our findings are consistent with previous studies that have detected altered foraging
behavior, vision loss, and impaired visual learning following imidacloprid exposure in honey
bees and flies (Drosophila melanogaster) (Martelli et al. 2020). Recent research has also shown
that wood frogs exposed to imidacloprid as tadpoles were less likely to escape simulated predator
attacks, suggesting imidacloprid exposure at 10 and 100 µg/L may negatively impact perception
and cognitive function in tadpoles (Lee‐Jenkins and Robinson 2018, Sweeney et al. 2021).
Behavior is considered an obvious and environmentally relevant measure of neurotoxicity
because behavioral alterations often correlate with nervous system functionality (Fitzgerald et al.
2021). However, neurotoxic substances can interact with binding sites in different, and
potentially multiple, regions of the brain, resulting in a wide variety of behavioral phenotypes.
During the present study, all amphibians were collected from the same Reference Wetland site to
minimize variation; nevertheless there was a clear distinction in response time between
individuals from the same treatment group (Fig. 4). This suggests that some individuals were
more “sensitive” while others were “resistant” to the behavioral effects of imidacloprid exposure.
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Adult Northern Leopard frogs can have home ranges that span several hectares and are
known to travel between adjacent wetlands (Knutson 2018); therefore it’s likely these individuals
had different life histories and may have been previously exposed to variable durations and
concentrations of imidacloprid. Studies have shown that chronic exposure to nicotine, which
neonicotinoids were modeled after, leads to upregulation, resulting in higher numbers of
nAChRs, changes in stoichiometry and trafficking, and an increase in the number of high-affinity
binding sites (Henderson and Lester 2015). Furthermore, previous research with bumblebees has
shown that chronic exposure to imidacloprid enhances nAChR sensitivity (Moffat et al. 2016).
Based on this information, pre-exposure to imidacloprid during other amphibian life stages could
result in changes to nicotinic receptor conformations, which in turn, could alter the sensitivity of
these receptors to imidacloprid, resulting in “sensitive” and “resistant” individuals.
These results have widespread implications for aquatic and semi-aquatic organisms and
will serve as the basis for neonicotinoid neurotoxicity in amphibians. It is evident that exposure
to low concentrations of imidacloprid can induce variable morphological and behavioral
responses in adult amphibians; therefore future research should focus on whether conformational
changes occur in amphibian brains and to pinpoint the affected receptors. Additionally,
amphibians are often exposed to a wide range of environmental contaminants in the wild;
therefore future studies should also investigate the impacts of combinations of various
neonicotinoids and other classes of pesticides.
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Figure 2.1. Comparison of imidacloprid brain concentrations (pg/mg protein) in Northern Leopard Frogs by
treatment (n=10 per treatment). Points represent raw imidacloprid brain concentrations per individual. Results are
averages and 95% credible intervals from the posterior distribution of a Bayesian generalized linear mixed model.
Y-axis is on the log scale.
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Figure 2.2. Comparison of imidacloprid-olefin brain concentrations (pg/mg protein) in Northern Leopard Frogs by
treatment (n=10 per treatment group). Points represent raw imidacloprid-olefin brain concentrations per individual.
Points along the x-axis represent non-detections. Results are averages and 95% credible intervals from the posterior
distribution of a Bayesian generalized linear mixed model.
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Figure 2.3. Comparison of feeding response times (sec) between treatments and trial dates (n=30 per treatment).
Results are averages from the posterior distribution of a Bayesian generalized linear mixed model with 95% credible
intervals. Y-axis is on the log scale.
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Figure 2.4. Relationship between log-transformed imidacloprid brain concentrations in Northern Leopard frogs and
average feeding response by treatment. Points represent raw mean response times per individual (n=10 per treatment
group). Regression line represents the average slope and 95% credible intervals from the posterior distribution of a
Bayesian generalized linear model. X-axis is on the log-scale.
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Table 2.1. Average difference in imidacloprid brain concentration between treatment groups. Averages were
extracted from the posterior distribution of a Bayesian generalized model with 89% credible intervals.
Treatment-pair

0-0.1
0-1
0-5
0-10

Average difference in
imidacloprid brain
(pg/mg protein)
48.37
109.99
577.32
1360.75

89% credible interval of
difference

Probability difference is
greater than zero

(38.72, 59.71)
(88.98, 134.3)
(468.74, 701.68)
(1111.46, 1649.62)

>99.99%
>99.99%
>99.99%
>99.99%
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Table 2.2. Average difference in imidacloprid-olefin brain concentration between treatment groups. Averages were
extracted from the posterior distribution of a Bayesian generalized model with 89% credible intervals.
Treatment-pair Average difference 89% credible interval
in imidaclopridof difference
olefin brain (pg/mg
protein)
0-0.1
0.46
(-0.82, 1.75)

Probability difference is
greater than zero

72.80%

0-1

0.18

(-1.36, 1.72)

58.10%

0-5

5.12

(3.4, 6.86)

>99.99%

0-10

12.83

(11.1, 14.64)

>99.99%
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Table 2.3. Average differences in response times between treatment groups. Averages were extracted from the
posterior distribution of a Bayesian generalized mixed model with 89% credible intervals.
Treatment-pair Average difference 89% credible interval
in response time
of difference
(sec)
0-0.1
10.62
(0.35, 26.56)

Probability difference is
greater than zero
95.18%

0-1

22.44

(5.78 , 48.77)

99.53%

0-5

13.9

(1.94 , 33.12)

97.47%

0-10

4.84

(-3.50 , 16.18))

81.52%
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Chapter 3
Connecting the Pipes: Agricultural Tile Drains and Elevated Imidacloprid Brain
Concentrations in Juvenile Northern Leopard Frogs (Rana pipiens)
Introduction
The Prairie Pothole Region (PPR) is an ecologically and economically important area that
spans parts of Canada and the United States and contains a vast array of shallow wetlands known
as potholes (Stewart and Kantrud 1971). This unique wetland landscape is highly productive and
provides refuge for a wide variety of animals including migratory waterfowl, wetland mammals,
fish, and amphibians. Prairie potholes also act as nutrient sinks and provide other ecosystem
services such as flood control, carbon sequestration, groundwater recharge, and recreational
activities (Johnson et al. 2008, Alemu et al. 2020). Additionally, the PPR is known for its rich
soils and extensive history as an agricultural hotspot, which has played a heavy role in the
drainage and subsequent decline of pothole wetlands since the mid 1800s (Dahl 1990, Blann et
al. 2009, McIntyre et al. 2014, Johnston and McIntyre 2019).
Agricultural practices, such as the implementation of artificial drainage systems, have
extensively modified this unique landscape and disturbed many of its natural ecosystem services
(Gleason and Euliss 1998, Gleason et al. 2011). Farmers in the PPR have used artificial drainage
systems (i.e. agricultural tile drains) to remove excess water from the soil, thereby increasing
nutrient uptake, crop growth, and overall productivity (Blann et al. 2009). Subsurface drains,
such as tile drains, are connected to pipes buried beneath the ground’s surface and often drain
directly into nearby wetlands. Although drainage systems increase crop yield, they also
negatively impact wetlands by altering nutrient cycles, depositing agricultural contaminants, and
modifying aquatic communities (Blann et al. 2009, Schwarz et al. 2018, Coelho et al. 2020).
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In addition to tile drains, the use of pesticides are often associated with the success of
agriculture in the PPR, however research supporting this claim is scant (North et al. 2016,
Krupke et al. 2017, Tooker et al. 2017). Neonicotinoid insecticides are one of the most popular
pesticides and are widely used throughout the world, including the PPR, to deter and kill
sucking-insects (Bass et al. 2015). These neurotoxic insecticides target the post-synaptic
nicotinic acetylcholine receptors in the nervous system of invertebrates, causing rapid firing at
neuronal synapses and eventual death (Miles et al. 2017). The popularity of neonicotinoids can
be attributed to their broad spectrum toxicity, multiple application techniques (seeding coating,
follicular spray, soil injection) and supposed low toxicity to non-target organisms compared to
organophosphates and carbamates (Main et al. 2014a, Limay-Rios et al. 2016). Neonicotinoids
are also highly water-soluble (logkow 0.57 to 1.26) and can persist in the soil (degradation halflife time: 6.7-1230 days), making them a prime candidate for translocation to nearby waterways
through agricultural run-off and tile drainage systems (Hladik et al. 2018, Pietrzak et al. 2020).
Furthermore, crops that utilize neonicotinoid seed coatings, namely corn and soybeans, are
planted in the early spring, which coincides with heavier rainfall and the breeding season of
many vulnerable non-target taxa, including amphibians (Gibbons et al. 2015).
Amphibians are currently one of the most threatened taxa, with 50% of species predicted
to be at risk of extinction (González-del-Pliego et al. 2019). Several stressors have been
identified as contributing to amphibian declines, including habitat loss, climate change, and
exposure to disease and pesticides (Berger et al. 1998, Gallant et al. 2007, Mann et al. 2009).
Previous research has shown many agricultural contaminants detected in tile wetland systems,
including neonicotinoids, can negatively impact amphibian populations (Feng et al. 2004, Ruiz
de Arcaute et al. 2014). Tile wetlands are directly connected to tile drainage systems and receive
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input from agricultural fields and surface runoff (Schwarz et al. 2018). Recent studies have
confirmed imidacloprid, a common neonicotinoid, can cross the blood-brain barrier in adult
Northern Leopard frogs (Rana pipiens) and found aqueous exposure delayed reaction times to a
food stimulus (Chapter 2; Campbell et al. 2022) and simulated predators (Sweeney et al. 2021).
Furthermore, neonicotinoids can negatively impact other non-target organisms by inducing
vision loss in bumblebees, pathological and structural changes in the brain and liver of birds,
brain cell DNA damage in rats, and decreased aquatic insect abundance (Van Dijk et al. 2013,
Abu Zeid 2018, Martelli et al. 2020, Katić et al. 2021).
Despite the known deleterious impacts of neonicotinoids on non-target organisms and
aquatic ecosystems, little work has been done to investigate how these neurotoxic insecticides
impact the brain of non-target aquatic organisms, such as amphibians. Although imidacloprid
was recently detected in adult amphibian brains (Chapter 2; Campbell et al. 2022), it is unclear if
this would occur under field-conditions where contaminants are readily absorbed by other media
including sediment, aquatic plants, algae, and aquatic invertebrates. Furthermore, juvenile and
adult amphibians often have varying responses to the same contaminant and there are currently
no studies that have investigated the ability of imidacloprid to cross the blood-brain barrier in
juvenile amphibians under ecological conditions.
To gain a better understanding of how neonicotinoids impact the amphibian brain we
investigated the effects of imidacloprid and its breakdown product, imidacloprid-olefin, in newly
metamorphosed (juvenile) Northern Leopard frogs (Rana pipiens) in a field-based study. The
aims of this study were to 1) quantify and compare imidacloprid and imidacloprid-olefin in
juvenile Northern Leopard frog brains at reference and tile wetlands; 2) quantify aqueous
pesticide concentrations; 3) measure and compare the size of specific brain regions between
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wetland types; and 4) determine if there is a relationship between imidacloprid brain
concentration and brain dimensions.
Materials and Methods
Field collection
Forty-eight newly metamorphosed Northern Leopard frogs (Rana pipiens) were
opportunistically collected from three reference and three tile Waterfowl Protection Area (WPA)
wetland sites throughout eastern South Dakota in August 2019 (n=8 per site, Table 2.1).
Reference sites are wetlands that receive little to no agricultural runoff and are not directly
connected to subsurface tile drainage systems, whereas tile sites are those connected to tile
drains. All wetlands sites were part of a long-term study in eastern South Dakota and have been
previously confirmed as ‘reference’ or ‘tile’ wetland sites (Schwarz et al. 2018). Field sites were
selectively chosen to ensure there were an even numbers of reference and tile wetland sites along
a longitudinal gradient.
Twelve surface water grab samples were collected (n=2 per site) in sterile, 1L glass
amber bottles and stored at -20°C prior to shipment to the University of Nebraska (Lincoln, NE)
for water quality analysis. Animals were anesthetized via benzocaine and euthanized via rapid
decapitation. Body mass and total length (mm) were recorded for all individuals. Whole brains
were quickly removed, trimmed of cranial nerves, and weighed. Dorsal and ventral surfaces of
each whole brain sample (n=45) were photographed (Leica DMS1000) and the length and width
of individual brain regions were measured using Image J software (US National Institute of
Health) (Figure 2.1). At least two photographs were taken of the dorsal and ventral surfaces and
measurements were averaged to ensure accuracy. Whole brains were stored at -20°C and a subset
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of brain samples (n=30) were sent to the University of North Dakota (Grand Forks, ND) for
pesticide concentration analysis.
Imidacloprid and imidacloprid-olefin analysis
Liquid chromatography-tandem mass spectrometry was used to determine imidacloprid
and imidacloprid-olefin concentrations in a sub-set of whole brain samples (n=30) at the
University of North Dakota’s Mass Spectrometry Core facility (Grand Forks, ND). Analytical
standards of imidacloprid (Sigma-Aldrich; CAS no.138261-41-3) and imidacloprid-olefin
(Sigma-Aldrich; CAS no.115086-54-9) were used for internal validation. Whole brain protein
concentrations were determined via Pierce BCA protein assay according to the manufacturer’s
instructions (Thermo-Fisher Scientific, Waltham, MA cat. No. 23225). Protein concentration was
used to normalize imidacloprid and imidacloprid-olefin brain levels to account for varying water
loss during sample storage and shipment. Liquid chromatography mass spectrometry was used to
quantify aqueous pesticide concentrations at the University of Nebraska-Lincoln Water Science
Laboratory (Lincoln, NE). Aqueous pesticide analysis included a range of fungicides
(azoxystrobin, metalaxyl) and neonicotinoids (clothianidin, imidacloprid, and thiamethoxam).
Statistical modeling
We used Bayesian inference to estimate the posterior distribution of 1) imidacloprid brain
concentrations, 2) pesticide aqueous concentrations, and 3) standardized brain lengths and widths
between tile and reference wetlands. In each model, concentrations or length or width was the
response variable and wetland type was the predictor variable with two levels: tile or reference.
We also used regression to measure the relationship between imidacloprid brain concentrations
and brain dimensions. All models were fit via rstan (Stan Development Team 2020; version
2.21.2) and specified via the brms package (Bürkner 2018, version 2.14.4) in R (R Development
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Core Team 2017, version 3.6.3) using RStudio (RStudio Team 2020, version 1.3.959). All
models contained 4 chains and 2000 iterations, 500 of which were used as warm-up and
discarded. Markov Chain Monte Carlo was used to estimate the posterior distribution and trace
plots of the posterior were used to visually assess model convergence. Additionally, we
confirmed that all models had r-hat values (potential scale reduction factor) <1.1, indicting
model convergence.
Model performance was inspected through posterior predictive checks (boxplots and
histograms). We used the function add_predicted_draws() from the tidybayes package (Kay and
Mastny 2021, version 2.3.1) to compare 100 draws from the model to the posterior predictive
distribution to ensure each model was making reasonable predictions. Poor model fit can be
inferred when there are drastic visual differences between original and simulated data (model
draws). We also used the ppc_intervals() function from the bayesplot package (Gabry et al.
2021, version 1.7.2) to visualize and overlay actual observations (raw data) with a matrix of
draws from the posterior predictive distribution. This allowed us to visualize when the model
was under and over-estimating individual data points.
We estimated the mean and 89% credible interval for all parameters within each model
from the posterior distribution. 89% credible intervals were used because 89 is the highest prime
number and may be more stable than using 95% credible intervals (Kruschke 2014).
Additionally, the use of 89% credible intervals humbly reminds ecologists and statisticians that
the choice to use 89% or 95% credible intervals is an arbitrary choice anyways (Kruschke 2014).
To determine the probability of a difference among means, we compared response variables over
wetland type (reference vs. tile) and divided the number of differences greater than zero by the
number of iterations (n=6000) of the posterior distribution. For each model, priors were
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determined using prior simulation and based on previous data from these wetland sites (Schwarz
et al. 2018, Wesner and Pomeranz 2020). Lastly, we performed prior sensitivity analysis, which
indicated our priors had little influence on the posterior distribution.
Aqueous pesticides
Pesticide concentration in water samples was modeled using a generalized linear model
(GLM) with a Gamma likelihood and log link. A Gamma likelihood was chosen because
pesticide concentration is positive and continuous. Priors for the intercept were N(-4.4,1). This
provides a point estimate of exp((-4.4) - 2) = 0.001 µg/L or exp((-4.4) + 2) = 0.09 µg/L. These
values were derived from previous reports of pesticide levels at WPA wetland sites in eastern
South Dakota (Schwarz et al. 2018, Henry et al. 2019). Water grab samples only capture a snap
shot of time compared to other water sampling techniques, therefore we used a smaller range of
possible pesticide concentrations compared to Schwarz et al. (2018) to better reflect the our low
level of pesticide concentrations in 2019. We used N(0,1) for our beta prior (wetland type),
N(1,1) for our interaction priors (wetland type * contaminant), and Exponential(0.25) for the
prior of the shape parameter.
Imidacloprid brain concentration
We model the amount of imidacloprid (pg/mg protein) in amphibian whole brain samples
using a generalized linear mixed model (GLMM) with site as the random effect. Like the
previous model, a Gamma likelihood with a log link was chosen due to the positive and
continuous nature of our data. Gamma likelihoods require positive data; therefore we added
0.000001 to imidacloprid brain concentration to remove zeros. Briefly, we assigned N(0,1) for
our intercept prior, N(1,1) for the slope coefficient, and Exponential(0.25) for the shape
parameter of the Gamma likelihood.
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Brain morphology
We used a Gamma likelihood and log-link to model the relationship between
standardized cerebellum length and wetland type. Brain measurements were divided by total
body length to account for individual differences in size. The intercept prior was N(-4.4,1.1),
which means we expect standardized cerebellum length (mm) to be between exp((-4.4) – 2.2) =
0.001 mm and exp((-4.4) + 2.2) = 0.11 mm. The beta prior (slope) was N(-1.1,0.5), reflecting a
change in exp((-1.1) – 1) = 0.122 mm to exp((-1.1) + 1) = 0.9 mm in brain size at tile wetlands.
The shape prior of the Gamma likelihood was Exponential(0.25); which produces a prior with
most of its mass near zero, but allows for values up to 20 or more.
Relationship between imidacloprid brain concentration and brain dimensions
The relationship between imidacloprid brain concentration and cerebellum length was
modeled using Bayesian GLMs with a Gamma likelihood and log-link. The model had the
following priors: N(-4.4,1) for the intercept, N(0,1) for the slope parameter, and
Exponential(0.25) for the shape parameter. Our intercept prior reflects an assumption that when
imidacloprid brain concentration is equal to 0 pg/mg protein, cerebellum length will be between
exp((-4.4) – 2) = 0.001 mm and exp((-4.4) + 2) = 0.09 mm. A slope prior of N(0,1) means we
expect imidacloprid brain concentration to increase by exp((0) – 2) = 0.135 pg/mg protein to
exp((0) + 2) = 7.39 pg/mg protein for every millimeter increase in standardized cerebellum
length.
Results
We detected azoxystrobin, metalaxyl, imidacloprid, clothianidin, and thiamethoxam at
WPA wetland sites in 2019 (Figure 3.2). Overall, tile wetlands had cumulative pesticide
concentrations that were 4.7 times higher than reference wetlands with neonicotinoids
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(imidacloprid, clothianidin, thiamethoxam) as the main contributors to these elevated pesticide
levels.
Average aqueous imidacloprid concentration at tile wetlands was 0.032 µg/L (± 0.045
SD; 89% CrI [0.006, 0.094]), which was more than a 5-fold increase compared to reference
wetlands (mean=0.006 µg/L ± 0.005 SD; 89% CrI [0.002, 0.015]) (Figure 3.2). There was a >
95% probability that imidacloprid levels were higher at tile wetlands (89% CrI [0.005, 0.08]).
Additionally, we detected average clothianidin concentrations at tile wetlands that were 8 times
higher than those detected at reference wetlands, with a > 99% probability that the difference
was greater than zero (89% CrI [0.006, 0.09]). Lastly, thiamethoxam was detected at all tile
wetland sites, but was not detected at any reference wetlands in 2019. Four out of six
thiamethoxam detections at tile wetlands were below method detection limits (0.002 µg/L).
Method detection limits indicate the lowest concentration that can be reliably detected in a
sample. To prevent a positive or negative bias, all values below detection limits were set to 0.001
µg/L (Adams 1997). Average thiamethoxam levels were nearly 9 times higher at tile wetlands
with a > 99% probability that the difference was greater than zero (89% CrI [0.005, 0.08]).
Despite generally low neonicotinoid detection levels, all imidacloprid (n=4, detected twice at one
tile site and once at two reference sites) and two clothianidin detections (detected twice at one
tile wetland) were above the Environmental Protection Agency’s (EPA) chronic toxicity
benchmark for aquatic invertebrates (imidacloprid: 0.01 µg/L, clothianidin: 0.05 µg/L) (US EPA
OCSPP 2015), warranting concern for indirect negative impacts on amphibian populations due to
potentially low and pesticide-containing food supply.
Amphibians collected from tile wetlands had nearly 2.5 times the amount of imidacloprid
in brain tissue (4.12 ± 1.92 pg/mg protein) compared to individuals collected from reference
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wetlands (1.66 ± 0.81 pg/mg protein), with a >94% probability that the difference was greater
than zero (Figure 3.3). Only 6% of whole brain samples (2 out of 30) had detectable levels of
imidacloprid-olefin, therefore we did not statistically analyze these results. One of these brain
samples was obtained from an amphibian collected at our most polluted tile wetland site (Site:
Voelker II), while the other was collected from a reference wetland site (Site: Lost Lake).
There were minimal differences in body mass and total length of frogs between wetland
types (Table 3.2), although we did detect differences in brain morphology. Notably, amphibians
collected from reference wetlands had slightly longer standardized cerebellum brain regions
(mean=0.013 mm ± 0.001 SD) compared to those collected from tile wetlands (mean=0.011 mm
± 0.001 SD) (Figure 3.4). There was a mean difference of 0.002 (± 0.001 SD; 89% CrI [0.0001,
0.004]) and a >95% probability that the difference was greater than zero. Additionally, there was
a negative relationship between imidacloprid brain concentration and cerebellum length at
reference (slope: 0.012 (0.011 to 0.015); median (89% CrI)) and tile wetlands (slope: 0.011
(0.009 to 0.013); median (89% CrI)) (Figure 3.5). Due to using a Gamma likelihood with a log
link, slope values less than 1 indicate negative relationships, whereas slope values above 1
indicate positive relationships.
Discussion
This is the first study to our knowledge to quantify imidacloprid in juvenile amphibian
brains under ecological field conditions and to relate neonicotinoid brain concentration to brain
dimensions. Overall, our results signify amphibians at tile wetlands have a higher chance of
exposure to neonicotinoids, which was reflected by consistently elevated neonicotinoid
(imidacloprid, clothianidin, thiamethoxam) concentrations in water samples. Our findings are
consistent with previous studies that have detected neonicotinoids in agricultural wetlands in the
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Southern High Plains of Texas (Anderson et al. 2013), Iowa (Smalling et al. 2015), the Canadian
PPR (Main et al. 2014a), and eastern South Dakota (Schwarz et al. 2018, Henry et al. 2019).
These elevated water concentrations were reflected in juvenile amphibian brain samples
in which we detected imidacloprid brain concentrations up to 14.5 pg/mg protein at tile wetlands,
with average concentrations being 2.5 times higher than those at reference wetlands. This
demonstrates that imidacloprid can penetrate the blood-brain barrier in juvenile amphibians,
despite previous reports suggesting a low binding affinity and likelihood of crossing the bloodbrain barrier due to imidacloprid’s hydrophilic and lipophobic properties (Iturburu et al. 2017).
Generally, more hydrophilic compounds are less likely to cross the blood-brain barrier; however,
previous studies have suggested imidacloprid may ‘piggyback’ off other transporters to gain
access to the blood-brain barrier (Iturburu et al. 2017). Imidacloprid also bioaccumulates in nontarget aquatic organisms (Mužinić and Želježić 2018), including amphibian brains (Chapter 2;
Campbell et al. 2022), which is consistent with the findings of the present study.
Pesticide exposure has a long history of altering brain pathways and morphology in target
and non-target organisms. For example, organophosphate insecticides, which also target
nicotinic acetylcholine receptors, have been reported to alter brain size in children (Rauh et al.
2012), rats (Abd El-Moneim Ibrahim et al. 2020), and Northern Leopard frog tadpoles
(McClelland et al. 2018). Pesticide-induced neurodegeneration has been previously attributed to
apoptosis, pyknosis of the cerebellum, and oxidative stress. Additionally, the brain is highly
susceptible to oxidative stress and imidacloprid-induced oxidative stress has been linked to
cerebellum neurodegeneration in Drosophila melanogaster (Martelli et al. 2020), female rats
(Bhardwaj et al. 2010), and chick embryos (Singh et al. 2015). Despite not measuring oxidative
stress in the present study, we did detect differences in brain dimensions between wetland types.
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Specifically, average cerebellum size in juvenile Northern Leopard frogs was slightly smaller
(~85% difference) at tile wetlands compared to reference wetlands, suggesting exposure to
higher concentrations of contaminants may alter brain morphology. Although we cannot
definitively say imidacloprid directly reduced cerebellum size, we did detect a negative
relationship between the amount of imidacloprid in amphibian brain tissue and cerebellum size at
tile wetlands, providing a plausible link between imidacloprid exposure and smaller cerebellum
size.
The cerebellum is an important sensory hub and is responsible for visual processing,
movement, coordination, and potentially learning and memory (Yopak et al. 2020) and likely
could affect amphibian behaviors in the field. The amphibian cerebellum contains cholinergic
fibers (Marín et al. 1997), suggesting imidacloprid would likely target this brain region following
exposure. Damage to the cerebellum can cause alterations in feeding behavior, including
difficulty swallowing (Sasegbon and Hamdy 2021) and prey capture initiation (Oldfield et al.
2020), the latter of which was observed by Campbell et al. (2022) (Chapter 2). Imidacloprid
exposure also reduces mushroom body calyces in bumblebees and honey bees, which are
equivalent to the structure and general function of the vertebrate cerebellum (Peng and Yang
2016, Smith et al. 2020). Imidacloprid-induced deficiencies related to visual processing of prey
or predators and impaired hunting or escape behaviors could be highly detrimental and indirectly
result in amphibian population declines.
Alternatively, studies have found several ecological factors can lead to changes in
amphibian brain size. For example, Gonda et al. (2010) demonstrated predation and competition
(density) can lead to larger optic tecta and smaller medulla oblongata in common frog (Rana
temporaria) tadpoles. Other studies have found leopard frog tadpoles had shorter and narrower
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brain dimensions following exposure to predators cues or a low concentration of chlorpyrifos,
however, this particular study did not measure cerebellum size (Woodley et al. 2015). In
addition, Liao et al. (2015) found a positive correlation between predation risk and the size of the
bulbous olfactorius and optic tecta, but failed to find a relationship between ecological variables
and the relative size of the cerebellum. Moreover, studies investigating the impact of predation
on fish cerebellum size have found mixed results, which varied with fish species and sex
(Mitchell et al. 2020, Howell et al. 2021).
Previous research in eastern South Dakota has detected the presence of Fathead Minnows
(Pimephales promelas) in 2015 and 2016 at one of the reference (Buffalo Lake WPA) and tile
wetland (Habeger WPA) sites that we sampled in 2019 (Farkas 2019). Fathead minnows are
known to consume the eggs and larval phases of salamanders, depending on size (Drake et al.
2014); however, few studies have found an impact on larval frogs (Zimmer 2001). Conversely,
there have been numerous reports indicating dragonfly and damselfly larvae prey on larval
anurans (Ballengée and Sessions 2009, Bowerman et al. 2010), which could result in predationmediated changes in brain size (Gonda et al. 2010, Trokovic et al. 2011, Woodley et al. 2015).
However, a long-term study at these WPA sites found reference wetlands had significantly
higher abundances of Ephemeroptera and Odonata compared to tile wetlands (Schwarz et al.
2018), which suggests potentially higher predation rates at reference wetlands. Additionally, the
impacts of predation on brain size does not appear to carry over to anuran metamorphs, which
further suggests changes in cerebellum size in the present study are unrelated to predation
pressure (Trokovic et al. 2011, Woodley et al. 2015). Given the findings of previous studies in
conjunction with the results from the present study, we suggest changes in cerebellum size in
juvenile Northern Leopard frogs are likely a result of exposure to contaminants in the field.
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Future studies should further investigate the mechanisms behind this decrease in cerebellum size
and provide a more comprehensive analysis of predation and other ecological factors at field
collection sites.
Amphibians are exposed to a wide range of contaminants in the environment, which can
have profound effects on the efficacy and breakdown of contaminants in vitro and in vivo. Coexposure to fungicides and neonicotinoids induces synergistic effects and these mixtures have
been used to control pests, such as the brown planthopper, by targeting and reducing yeast-like
symbiotes that promote the development and reproduction of its host (Shentu et al. 2016). More
recent studies indicate contaminant concentrations influence the outcome of co-exposure to
fungicides and neonicotinoids. For example, Wei et al. (2021) found imidacloprid and
azoxystrobin had synergistic effects at low concentrations, but antagonistic effects at high
concentrations in Chironomus dilutes and were likely a result of disrupted metabolic
detoxification processes. At low concentrations, multiple p450 genes were elevated, suggesting
greater metabolism of the parent compound which typically results in lower toxicity (Wei et al.
2021). However, imidacloprid is often biotransformed to the metabolite, imidacloprid-olefin,
which is more toxic and has a higher affinity for mammalian nicotinic acetylcholine receptors
(Honda et al. 2006, Hussain et al. 2016). Upregulation of these detoxification pathways at low
mixture concentrations may have increased the transformation of imidacloprid to imidaclopridolefin, inducing more toxic effects despite low exposure levels. Alternatively, exposure to high
concentration mixtures reduced the expression of these genes (Wei et al. 2021), suggesting
reduced imidacloprid biotransformation and a potentially protective mechanism at high
concentration mixtures.
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In the present study we detected the metabolite, imidacloprid-olefin, in two whole brain
samples at one tile (Voelker II WPA) and one reference wetland (Lost Lake WPA). Interestingly,
imidacloprid-olefin was detected at higher concentrations than the parent compound in these
brain samples, which was not observed by Campbell et al. (2022) (Chapter 2) during a
laboratory-based experiment. Moreover, these two wetland sites had the lowest average aqueous
azoxystrobin concentrations and only one low concentration detection of imidacloprid. It’s
plausible these individuals were exposed to a low concentration mixture of imidacloprid and
azoxystrobin, resulting in higher metabolism of imidacloprid and the presence of imidaclopridolefin in brain tissue. Our reference and tile wetland sites are often near other prairie pothole
wetlands, which could contribute to the consumption of contaminated food items from nearby
waterways. Based on this assumption, individuals at the same wetland site may experience
differences in exposure via dietary uptake, resulting in intraspecific variation among juvenile
amphibians. The relationship between imidacloprid and imidacloprid-olefin brain levels under
field-conditions is unclear and should be further examined within the context of environmental
antagonism and synergism.
Although we were only able to detect low levels of imidacloprid in water grab samples in
2019, longer term work in our laboratory at these sites (Schwarz et al. 2018) detected
significantly higher neonicotinoid concentrations at tile wetlands in 2013-2015 using polar
organic chemical integrative samplers. Schwarz et al. (2018) also detailed that neonicotinoids
were not frequently detected at wetland sites with water grab samples, which is consistent with
our 5/12 detections of imidacloprid, 6/12 detections of clothianidin, and 2/12 detections of
thiamethoxam. This suggests newly metamorphosed amphibians were likely exposed to higher
concentrations of neonicotinoids than we detected in water grab samples in 2019. It is also highly
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probable these juvenile amphibians were exposed to neonicotinoids on multiple occasions
throughout development, particularly during the early growing season when corn and soybeans
are planted, and precipitation levels are higher. Given the availability of previous long-term data
from these WPA sites, we believe our findings represent real effects of exposure to
neonicotinoids in juvenile amphibians under ecological conditions.
In conclusion, our results demonstrate tile drainage systems contribute to elevated
neonicotinoid concentrations in water samples and in the brains of juvenile amphibians.
Additionally, our results add to the growing body of evidence that imidacloprid can cross the
amphibian blood-brain barrier and potentially contribute to abnormal brain morphology under
field conditions. Furthermore, our findings highlight that exposure to contaminants can result in
variable outcomes among individuals and these adverse effects are not always obvious. Given
the negative ramifications of our results, we suggest neonicotinoid levels should be regularly
monitored in waterways near agricultural activity and tighter environmental restrictions should
be adopted to further protect vulnerable non-target organisms such as amphibians.
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Figure 3.1. Brain regions measured in juvenile Northern Leopard Frogs (Rana pipiens). A) olfactory bulb length, B)
olfactory bulb width, C) telencephalon length, D) telencephalon width, E) diencephalon length, F) diencephalon
width, G) optic tectum length, H) optic tectum width, I) cerebellum length, J) cerebellum width, K) medulla
oblongata.
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Figure 3.2. Comparison of aqueous pesticide concentrations at references and tile wetlands in 2019 (n= 6 per
wetland type). Points represent raw pesticide concentrations. Points along the x-axis represent non-detections.
Results are averages from the posterior distribution of a Bayesian generalized linear model. Y-axis is on the logscale.
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Figure 3.3. Comparison of imidacloprid brain concentrations in Northern Leopard frogs by wetland type (n=15 per
wetland type). Points represent raw imidacloprid brain concentrations per individual. Points along the x-axis
represent non-detections. Results are averages and 95% credible intervals from the posterior distribution of a
Bayesian generalized linear mixed model. Y-axis is on the log-scale.
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Figure 3.4. Comparison of average cerebellum length (mm) in juvenile Northern Leopard frogs at reference and tile
wetlands. Points represent raw, mean cerebellum lengths per individual (n=24 per wetland type). Values represent
means from the posterior distribution of a Bayesian generalized linear model with 95% credible intervals.
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A

B

Figure 3.5. Relationship between Northern Leopard frog imidacloprid brain concentration and cerebellum length at
A) reference and B) tile wetlands. Points represent raw, mean cerebellum lengths per individual (n=15 per wetland
type). Regression line represents the average slope and 95% credible intervals from the posterior distribution of a
Bayesian generalized linear model
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Table 3.1. Waterfowl Protection Area site coordinates.
WPA name

Wetland type

Latitude

Longitude

Lost Lake Reference

43.67738

-97.0574

Buffalo Lake Reference

43.82198

-97.06055

Pettigrew Reference

44.09261

-96.85030

Voelker II Tile

43.71030

-97.11206

Habeger Tile

44.18540

-97.06481

Acheson Tile

43.80265

-97.06099
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Table 3.2. Average difference in morphological measurements in juvenile Northern Leopard frogs at reference and
tile WPA sites in 2019. Averages were obtained from the posterior distribution of Bayesian generalized linear mixed
models with 89% credible intervals.

Measurement
Body mass (g)
Total length (mm)

Wetland pair
Tile-Reference
Tile-Reference

Average
difference
1.43
3.02
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89% Credible Interval Probability difference is
of difference
greater than zero
(-1.63, 4.65)
0.77
(-1.54, 7.58)
0.86

Chapter 4
Presence of Selenium in South Dakota Tile Wetland Species
Introduction
Selenium is an essential trace element that occurs naturally in the environment and plays
a critical role in many biological processes (Gupta and Gupta 2017, Lanctôt et al. 2017). Despite
being essential for proper functioning in most organisms (Lanctôt et al. 2017), selenium has
warranted concern as an environmental contaminant due to its narrow concentration range
between functioning as an essential element and being highly toxic (Janz et al. 2010).
Environmental selenium concentrations are highly dependent on soil type, precipitation levels,
organic matter, and anthropogenic activities (Gupta and Gupta 2017). Human-mediated changes
in land use, such as the installation of subsurface drainage systems, have accelerated the rate at
which elemental compounds, including selenium, are released from the soil (Hamilton 2004).
Subsurface drainage systems are used to enhance crop productivity by lowering the water table,
thus draining excess water away from the rootzone and depositing it into a nearby wetland
(Johnston 2013, Valayamkunnath et al. 2020). Although these drainage systems can be beneficial
from an agricultural standpoint, tile drains have also contributed to elevated selenium levels in
waterways, resulting in catastrophic selenium poisonings in wildlife from the San Joaquin Valley
in California (Kesterson Reservoir) and elevated selenium concentrations in wetland biota in the
Prairie Pothole Region (PPR) (Lemly 1997, Schwarz et al. 2018, Henry et al. 2019).
The PPR is known to have naturally high levels of several trace contaminants, including
selenium, due to past glacial activity that left behind thousands of shallow wetlands, known as
prairie potholes, and nutrient-rich soil of marine origin (Werkmeister et al. 2018). Tile drainage
systems are widely popular throughout the PPR; however, permit requirements vary by county
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and wetlands that receive tile drainage outflow are largely unprotected as they do not meet the
criteria for ‘waters of the United States’ under the Clean Water Act. Nonetheless, these wetlands
are highly productive and provide habitat for a wide range of organisms, including game and
non-game species, migrating waterfowl, fish, and amphibians. However, naturally high selenium
levels, disturbed sediment profiles, and a general lack of legal protections routinely put these
organisms at risk of selenium toxicity.
Elevated selenium levels have been detected throughout the PPR, particularly in South
Dakota wetlands that are close to or connected to tile drainage systems (tile wetlands) (Schwarz
et al. 2018, Henry et al. 2019). The chronic aquatic life criterion for selenium in South Dakota is
currently listed as 5 μg/L (Schwarz et al. 2018), whereas the current national chronic aquatic
criterion is 1.5 μg/L (Environmental Protection Agency 2016). This indicates the highest
aqueous selenium concentration that is not expected to pose a significant risk to aquatic species.
During a long-term study from 2012-2015, Schwarz et al. (2018) detected aqueous selenium
concentrations above the 1.5 µg/L national chronic aquatic life criterion on 37 occasions in
eastern South Dakota, while water samples collected from reference wetlands never exceed this
benchmark. Reference wetlands are those that receive very little agricultural run-off and are not
directly connected to tile drainage systems. Additionally, selenium levels in sediment samples
were significantly higher at tile wetland sites compared to reference wetlands (Schwarz et al.
2018). Egg-laying vertebrates tend to be the most susceptible to selenium toxicity (Janz et al.
2010), therefore waterfowl, fish, turtles, and amphibians are likely the most selenium-sensitive
organisms in prairie pothole wetlands. Elevated selenium levels in the water column and
sediment are a certainly a risk to aquafauna, although dietary exposure tends to be of greater
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concern due to the ability of selenium to bioaccumulate and move through the food chain (Lemly
and Smith 1987, Janz et al. 2010).
Shallow wetlands and reservoirs, such as tile wetlands, are highly efficient at retaining
selenium in sediment (Lemly 1997), where it can be readily accumulated by primary producers
and benthic invertebrates (Franz et al. 2013). Benthic invertebrates serve as a major food source
in aquatic food webs and therefore contribute to the trophic transfer of contaminants, including
selenium, to higher order predators such as fish and amphibians. Moreover, selenium is retained
over insect metamorphosis (Conley et al. 2009), thus adult emergent insects can transfer
selenium from the aquatic to the terrestrial food web and negatively impact insectivorous
species, including waterfowl, terrestrial land birds, and terrestrial amphibians. Previous studies in
eastern South Dakota have detected lower aquatic invertebrate diversity (Schwarz et al. 2018)
and higher selenium concentrations in larval and adult insects at tile wetlands compared to
reference wetlands (Henry et al. 2019).
Although several studies have focused on selenium trophodynamics in aquatic food webs,
there is limited information about these dynamics in prairie pothole wetlands dominated by
amphibian predators. Amphibians’ highly permeable skin and extended period of time spent in
water make them exceptionally susceptible to chronic exposure to environmental pollutants
(Blann et al. 2009, Brown et al. 2013, Lanctôt et al. 2017). Additionally, larval and adult
amphibians often have varying responses to contaminants, with larval amphibians generally
being more sensitive than other life stages (Lemly 1995). Selenium exposure in larval
amphibians has been associated with increased incidence of axial malformations, deformed
mouthparts, reduced growth and larval survival, disrupted predator avoidance capabilities,
reduced size at metamorphosis, and altered time to metamorphosis (Janz et al. 2010).
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Furthermore, aquatic and terrestrial invertebrates serve as an important food source for
amphibians, thereby increasing the likelihood of selenium bioaccumulation via dietary transfer
(Franz et al. 2013).
The goal of this study was to provide tight links of selenium transport between different
abiotic and biotic components of reference and tile wetlands in eastern South Dakota.
Specifically, the aims of this study were to 1) confirm higher selenium concentrations in tile
systems over reference wetlands; 2) determine the relative concentrations of selenium in the
water, sediment, emergent insects, and vertebrates; and 3) compare the selenium concentrations
of liver samples collected from larval Western Tiger salamanders (Ambystoma mavortium) and
adult American Toads (Anaxyrus americanus) to investigate if predators differ in selenium
accumulation.
Materials and Methods
Study Area
Field sites consisted of eight Waterfowl Protection Areas (WPA) wetland sites
throughout eastern South Dakota (Figure 3.1, Table 3.1). These particular wetland sites have
been extensively studied and half of the WPA sites were previously listed as reference sites and
the other half were listed as tile drainage sites (Schwarz et al. 2018). Sites were recorded as ‘tile
wetlands’ when discharge from tile drains directly entered the wetland, whereas ‘reference
wetlands’ were buffered from agricultural runoff and were not connected to tile drainage
systems. Schwarz et al. (2018) performed detailed full habitat assessments for 18 of these WPA
sites in the Madison Wetland Management District of South Dakota, thus we have extensive
knowledge about the contaminant levels within these wetland systems.
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Field Sample Collection
Sixty-four adult American Toads (Anaxyrus americanus) and forty-five larval Western
Tiger Salamanders (Ambystoma mavortium) were collected from four tile and four reference
wetlands in June and July 2019, respectively (Table 3.2). A. americanus and A. mavortium were
collected during different time periods to accommodate the timing of larval development in A.
mavortium and to better understand how selenium concentrations in wetlands vary month to
month. Adult A. americanus were caught by hand or net at each site and placed on ice and
transported to the University of South Dakota (Vermillion, SD). Larval A. mavortium were
obtained by strategically placing ten to twenty baited (beef-flavored wet dog food) minnow traps
at each site. Minnow traps were left out for 24 hours and all trap-caught animals were
documented (all non-target animals, including adult Tiger salamanders, were released). A.
mavortium were placed in fish bags with water from their respective site, placed on ice and
transported to the University of South Dakota. Prior to euthanasia, mass, total length (recorded
for A. americanus), and snout to vent length (recorded for A. mavortium) were recorded for all
individuals. A. americanus individuals were provided an overdose of anesthetic benzocaine and
were subsequently pithed to ensure euthanasia. Larval Western Tiger salamanders and their
wetland water were placed in plastic containers and ice was added until the temperature reached
1-3°C to serve as a base level anesthetic and individuals were euthanized via rapid decapitation.
Liver samples were obtained from all A. americanus and A. mavortium individuals and stored at
-20°C. All animals were collected under a scientific collector’s permit (permit # 21) issued by
the South Dakota Department of Game, Fish, and Parks, and all methods were previously
approved by the Institutional Animal Care and Use Committee at the University of South Dakota
(Vermillion, South Dakota, USA).
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Additionally, grab surface water, sediment, and mixed emergent adult invertebrate
samples were collected at each site in June and July (Table 3.2). Surface water samples were
carefully collected in glass, amber bottles at each site during both sampling trips (n=1 per site per
month). Sediment samples (n=1 per site per month) were collected by benthic sweeps with a Dnet and large invertebrates and plant material were removed from all sediment samples. Adult
emergent invertebrates were collected using a pyramid shaped emergence trap (0.36 m2) with an
attached Nalgene bottle (Figure 3.2). Emergence traps (n=2 per site) were tied to wetland
vegetation and left for 48-hours. Nalgene bottles were removed after the 48-hour trapping cycle
and any remaining invertebrates in the emergence trap were collected using an aspirator. Due to
the small size of emergent insects, samples were pooled across emergence traps at each site. This
yielded a total of 1 adult emergent insect sample per site (n=4 per wetland type). All samples
were placed on ice in the field and stored at -20°C prior to analysis at the University of Nebraska
(Lincoln, NE).
Selenium Analysis
All samples were analyzed for dissolved selenium concentration via inductively coupled
plasma mass spectrometry at the University of Nebraska-Lincoln Water Sciences Laboratory.
Liver, sediment, and emergent insect samples were acid digested prior to selenium analysis.
Water samples were filtered with Acrodisc Syringe Filters (25 mm diameter, 0.45 µm pore size)
to remove biological organisms and two drops of hydrochloric acid were added to prevent the
breakdown of selenium. Detection methods were not sensitive enough to determine the
speciation of selenium in samples, therefore results represent total selenium concentration.
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Statistical Modeling
Bayesian inference was used to estimate the relationship between response and predictor
variables using R (R Development Core Team 2017, version 3.6.3) in RStudio (RStudio Team
2020, version 1.3.959). Generalized linear models with a Gamma likelihood and log link were
used for all models due to the positive and continuous nature of our data. For each model,
selenium concentration in liver, sediment, or water samples served as the response variable and
wetland type with two levels (reference or tile) was the predictor variable. All models were fit
using rstan (Stan Development Team 2020, version 2.21.2) and specified via brms (Bürkner
2018, version 2.14.4). Priors were based on previous knowledge and determined through prior
simulation (Wesner and Pomeranz 2020). Markov chain Monte Carlo (MCMC) was used to
obtain the posterior distribution. Models contained 4 chains, 2000 iterations, and 500 warmups,
which were discarded. Model convergence was assessed via trace plots of the posterior and r-hat
values (potential scale reduction factor) were less than 1.1, signifying model convergence.
We inspected model fit through posterior predictive checks by comparing simulated data
from the posterior distribution (yrep) to original data (y) using boxplots and histograms. Means
and 89% credible intervals were estimated for each parameter from the posterior distribution and
used to calculate differences between treatments (i.e., wetland types). We calculated the
probability of a difference among means by extracting and comparing the response variable
between wetland types and dividing the number of differences greater than zero by the 6000
iterations of the posterior distribution.
Results
Average selenium concentrations were consistently higher in all sample types from tile
wetlands compared to reference wetlands. On average, aqueous selenium concentrations in
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reference wetlands were 0.18 µg/L (± 0.11 µg/L SD; 89% CrI [0.09, 0.33]). Dissolved selenium
concentration in water samples collected from tile wetlands ranged from 0.28 to 1.63 µg/L, with
average concentrations being more than 3 times higher than those at reference wetlands (mean=
0.59 ± 0.25 µg/L; 89% CrI [0.28, 0.99]) (Figure 4.3). Selenium concentrations in sediment
samples ranged from 0.22 to 1.98 µg/g and averaged less than 1 µg/g in reference (mean= 0.44
µg/g ± 0.13 SD; 89% CrI [0.29, 0.65]) and tile wetlands (mean= 0.91 µg/g ± 0.25 SD; 89% CrI
[0.58, 1.3]) (Figure 4.4). Additionally, there was a 98% and 97% probability that tile wetlands
had higher selenium concentrations than reference wetlands in water and sediment samples,
respectively.
Selenium body burdens in adult emergent insects averaged 2.32 ± 1.66 µg/g across all
samples (n=8). Selenium concentrations in insects differed among wetland types (89% CrI [0.66,
5.16]), averaging 1.03 µg/g (± 0.42 µg/g SD; 89% CrI [0.54, 1.75]) in reference wetland insects
and 3.6 µg/g (± 1.43 µg/g SD; 89% CrI [1.91, 6.07]) in tile wetland insects (Figure 4.5). Notably,
average selenium body burdens in tile wetlands exceeded the toxic threshold value for fish diets
(3 µg/g) (Lemly 2002b).
Concentrations of selenium in larval Western Tiger salamander livers ranged from 0.14
to 3.25 µg/g and averaged 0.95 µg/g (± 0.66 µg/g SD; 89% CrI [0.27, 2]) across all liver samples
(n=44). Average selenium liver concentration at reference wetlands was 0.38 ± 0.11 µg/g (89%
CrI [0.22, 0.64]) and 1.53 ± 0.44 µg/g (89% CrI [0.82, 2.52]) at tile wetlands (Figure 4.6). There
was an average 1.15 µg selenium/g difference between liver samples from reference and tile
wetlands, with a greater than 99% probability that the difference was greater than zero (89% CrI
[0.53, 1.86]). Alternatively, selenium concentrations in adult American Toad livers ranged from
0.16 to 5.82 µg/g and averaged 2.15 µg/g (± 0.38 µg/g SD; 89% CrI [1.61, 2.78]) (n=64). Toads
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had roughly similar selenium liver concentrations at tile wetlands (mean= 2.26 µg/g ± 0.39 SD;
89% CrI [1.72, 2.89]) compared to reference wetland toads (mean= 2.04 µg/g ± 0.34 SD; 89%
CrI [1.54, 2.59]), given the variation around their respective means (89% credible of a difference
= (-0.54, 0.98)) (Figure 5.6).
There was a clear positive relationship between selenium liver concentration in larval
Western Tiger salamanders and selenium water concentrations at tile wetlands (slope: 1.69 (1.26
to 2.24); median (89% CrI)), however there was a negative relationship at reference wetlands
(slope: 0.39 (0.19 to 0.81); median (89% CrI)) (Figure 4.7; Table 4.3). A slope of 1.69 means
that for every additional µg/L of selenium content in water, we expect selenium liver
concentration to increase by 1.69% with a credible interval of 1.26 to 2.23%. Similarly, there
was a positive correlation between selenium liver concentration in larval Western Tiger
salamanders and selenium sediment concentrations at tile wetlands (slope: 1.58 (1.24, 2.03);
median (89% CrI)) and a negative relationship at reference wetlands (slope: 0.38 (0.24, 0.61);
median (89% CrI)) (Figure 4.8).
Discussion
This is the first study to thoroughly examine the presence of selenium in the environment
and food web with respect to tile drainage. Not only do we confirm previous studies’ (Schwarz et
al. 2018, Henry et al. 2019) findings that sites with tile drainage have more selenium, but these
levels are being distributed throughout environmental compartments (water and sediment) and
potentially being transferred up the food chain from invertebrates to their predators.
Tile wetlands consistently had higher selenium concentrations in water, sediment,
emergent invertebrates, and vertebrate liver samples compared to reference wetlands in 2019.
These findings are consistent with our previous tile drainage work from 2012-2015 (Schwarz et
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al. 2018), in which tile wetlands had higher average selenium concentrations compared to
wetlands that were not connected to tile drainage outflow (reference wetlands). The fact that
elevated selenium levels, during drought (2013) and flood years (2019) have been detected at
these tile wetland sites since 2012 strongly suggests that tile drains are responsible for increased
selenium input into prairie pothole wetlands. In addition, the present study has provided new data
on selenium loads in South Dakota amphibian species that were not previously available.
Selenium levels varied among samples and wetland types in 2019. Water samples from
tile and reference wetlands had the lowest levels of selenium among sample types and all
detections were below the level of concern for fish and waterfowl impairment (>2-5 µg/L)
(Lemly and Smith 1987). However, one out of sixteen water samples exceeded the EPA
selenium criterion for lentic systems (1.5 µg/L), suggesting selenium pulses may contribute to
harmful aqueous levels (Environmental Protection Agency 2016). Despite low selenium water
concentrations, previous studies have suggested waterborne selenium can still move through the
food chain at concentrations less than 1 µg/L and potentially bioaccumulate to toxic levels in
predatory species (Lemly and Smith 1987, Lemly 2002b, Franz et al. 2013).
Other key pathways for selenium movement through the aquatic food chain include
exposure through contaminated sediment and the consumption of benthic-dwelling invertebrates.
Aquatic invertebrates can often handle selenium body burdens that are several orders of
magnitude greater than those experienced by higher trophic level species (Lemly 2002b),
therefore selenium sediment concentrations mainly represent the potential for selenium to
bioaccumulate in aquatic invertebrates and subsequently serve as a dietary source of selenium to
predators. For example, May et al. (2008) detected low concentrations (<1.7 µg/g) of selenium in
sediment from the Solomon River; however, benthic invertebrates contained an average of 11.1
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µg selenium/g in whole body samples. In the present study, selenium sediment concentrations
were twice as high at tile wetlands compared to reference wetlands; however, none of our
sediment samples exceeded recommended selenium sediment thresholds (2 µg selenium/g)
(Lemly 2002a). Additionally, selenium sediment concentrations were remarkably low in 2019
compared to previous years. For example, we sampled a sub-set of these wetland sites (n=3 sites
per wetland type; unpublished data) in 2018 and average selenium sediment concentrations were
nearly 11.5 and 6 times higher in reference and tile sediment, respectively, compared to 2019.
This may be a result of flooding in eastern South Dakota in 2019, which marked the occurrence
of a ‘100-year flood’ (Flanagan et al. 2020). Tile drains are known to increase the transfer of
sediment into surface waters, therefore increased precipitation, tile outflow, or surface runoff
may have contributed to higher sedimentation rates, essentially burying selenium below the top
surficial sediment layers and removing it from the biogeochemical cycle (Nimick et al. 1996,
Coelho et al. 2020). Moreover, higher precipitation levels in 2019 (Lawal et al. 2021) may have
had a dilution effect, basically flushing and dispersing selenium levels over a wider surface area,
resulting in lower concentrations in sediment samples.
Dietary exposure is considered the most important path for selenium bioaccumulation
and toxic effect thresholds can vary drastically among taxa and species. Studies conducted in
2015 and 2016 in eastern South Dakota detected elevated selenium body burdens in midges and
damselflies at tile wetlands (Henry et al. 2019). Additionally, selenium is preserved over insect
metamorphosis and therefore aquatic emergent insects represent an important link between
aquatic and terrestrial food webs (Conley et al. 2009, Kraus et al. 2014, Henry et al. 2019,
Naslund et al. 2020). In the present study, selenium concentrations were much higher in
emergent insect tissue compared to water and sediment samples, suggesting insects
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bioaccumulate selenium from the water column or benthic substrate prior to metamorphosis and
may serve as a crucial step for subsequent transfer to predators. Average selenium concentration
in emergent insects was 3.25 times greater at tile wetlands compared to reference sites, and
insect body burdens exceeded the EPA’s level of concern for reproduction in insectivorous birds
(3 µg/g) (Beckon et al. 2003) and the dietary toxic level for fish (3 µg/g) (Lemly 2002b) at half
of the tile wetland sites (2 out of 4 sites). This suggests consumption of insects from tile wetlands
may be detrimental to the health of selenium-sensitive fish and insectivorous bird species and
potentially result in reproductive failure (Lemly 2002b). Our results are consistent with previous
trophodynamic studies that found invertebrates had the highest amount of selenium in aquatic
ecosystems compared to water, sediment, and vertebrate samples (Cianciolo et al. 2020).
Overall, our results demonstrate that tile wetland insects likely serve as a vector for selenium
transport to the terrestrial food web, as well as other aquatic food webs in nearby bodies of water
and may contribute to toxic selenium levels in predators.
Selenium concentrations in water and sediment were positively correlated with selenium
levels in salamander livers at tile wetlands but had a negative relationship at reference wetlands.
Although water and sediment are not the primary routes of selenium exposure and uptake in
vertebrates, these relationships may serve as proxies for consumption of benthic and emergent
insects. We did not directly measure selenium in benthic invertebrates, however, previous studies
have shown that selenium concentrations in mixed invertebrates are often correlated with
selenium sediment concentration in lentic systems (Hillwalker et al. 2006, Orr et al. 2006).
Additionally, previous work at these wetland sites have detected significantly higher selenium
concentrations in mixed invertebrate and snail samples from tile wetlands compared to reference
wetlands (Schwarz et al. 2018). Given that a majority of macroinvertebrates likely have
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sustained contact with wetland sediments and larval Western Tiger salamanders are known to
consume these prey items (Smith and Ghioca-Robrecht 2008), it is unsurprising that we detected
a correlation between selenium concentrations in Tiger salamander livers and selenium sediment
levels.
Furthermore, larval Tiger salamanders serve as a food source for other wetland predators,
including some predatory insects, fish (Herwig et al. 2013), birds, turtles, mammals, and
waterfowl, and therefore can transfer energy and contaminants back to the aquatic food web as
well as to the terrestrial ecosystem (Davic and Welsh 2004). Although selenium liver
concentrations in salamanders were below the 3 µg/g and 7 µg/g dietary toxic thresholds for fish
and aquatic birds (Lemly 2002b, Beckon et al. 2003), respectively, this does not mean larval
salamanders do not pose a dietary threat to selenium-sensitive predators. Amphibians retain
selenium over metamorphosis (Snodgrass et al. 2003), and adult Tiger salamander adults are
known to spend long periods of time buried in potentially contaminated soil, therefore adult,
terrestrial Tiger salamanders may pose an even larger dietary threat to predators than their larval
counterparts.
In contrast to larval salamanders, adult American Toads had selenium liver
concentrations that were more than 2.5 times greater; however, they were not different between
wetland types. Differences between amphibian species may be a result of varying age classes at
time of collection (proxy for exposure time), intra-species differences in selenium uptake,
exposure medium (water vs. soil), or differences in food availability/preference. It is also
plausible that selenium was accumulated in American Toads during their larval phase, in which
they are fully aquatic and largely consume aquatic biofilms that can accumulate high levels of
selenium (Cianciolo et al. 2020). Additionally, American Toads have extended home ranges
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(~100m x 100m) and late summer migration patterns, therefore toads may encounter and
consume terrestrial invertebrates with higher selenium body burdens compared to fully aquatic
salamanders that are confined to wetlands. Extended home ranges and migration patterns may
have also contributed to the lack of differences in American Toads collected from reference and
tile wetlands, as they likely migrate between multiple wetland types. Given American Toad’s
ability to disperse and increased likelihood of encountering higher trophic level predators,
elevated selenium liver concentrations in toads will likely contribute to the dietary and trophic
transfer of selenium. Moreover, previous work has demonstrated that selenium can be maternally
transferred to the eggs of American Toads (Bergeron et al. 2010), therefore elevated selenium
liver concentrations may also represent a threat to toad reproduction and population dynamics;
however, future studies should investigate the relationship between selenium concentrations in
liver samples and eggs.
In conclusion, selenium enrichment from the water column to sediment and aquatic
insects represents an important pathway for selenium transfer in eastern South Dakota tile
wetlands. Our results were consistent with previous long-term studies at these wetland sites that
also found elevated selenium concentrations in all media types. Collectively, our results
demonstrate varying abiotic conditions (e.g., precipitation) may contribute to differences in
selenium levels over time, highlighting the importance of recording long-term data at tile
wetland sites. Additionally, our results underscore the importance of including multiple
amphibian species in selenium trophodynamic field studies and emphasize the need for more
robust management strategies to protect vulnerable wetland organisms in agricultural landscapes.
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Figure 4.1. Tile (orange stars) and reference (yellow stars) Wetland sites surveyed in eastern South Dakota in 2019.
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Figure 4.2. Pyramid-shaped emergence trap used to capture adult, emergent insects from reference and tile wetlands
in 2019. Insects emerge from the wetland into the netted pyramid trap, where they enter plastic Nalgene collection
bottles through an opening on the inside of the trap. During sample retrieval, the lower Nalgene bottle is unscrewed
from the upper bottle, capped, and placed on ice.
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Figure 4.3. Aqueous selenium concentrations (µg/L) at reference and tile wetlands in June and July 2019 (n=8 per
wetland type; n= 4 per month). Results represent averages from the posterior distribution of a Bayesian generalized
linear mixed model with 95% credible intervals. Points represent raw data. Y-axis is on the log scale.

97

Figure 4.4. Comparison of selenium concentration (µg/g) in sediment samples collected from reference and tile
wetlands in 2019 (n=8 per wetland type). Results are averages from the posterior distribution of a Bayesian
generalized linear mixed model with 95% credible intervals. Points represent raw data. Y-axis is on the log scale.
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Figure 4.5. Whole body selenium concentration in adult, emergent insects collected from reference and tile
wetlands in eastern South Dakota in June 2019 (n=4 per wetland type). Results are averages from the posterior
distribution of a Bayesian generalized model with 95% credible intervals. Points represent raw data. Y-axis is on the
log scale.
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Figure 4.6. Comparison of selenium liver concentration of A) larval Western Tiger salamander (n=45) and B) adult
American Toads (n=64) by wetland type. Results are averages and 95% credible intervals from the posterior
distribution of a Bayesian generalized linear mixed model. Points represent raw data.
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B

Figure 4.7. Relationship between aqueous selenium concentration and amount of selenium in larval Western Tiger
salamander livers at A) reference and B) tile wetlands in 2019 (n=45 total). Points represent raw data. Regression
line represents the average slope and 95% credible intervals from the posterior distribution of a Bayesian
generalized linear mixed model.
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Figure 4.8. Relationship between selenium concentration detected in sediment samples and selenium concentration
in larval Western Tiger salamander livers at A) reference and B) tile wetlands in 2019 (n=45 total). Points represent
raw data. Regression line represents the average slope and 95% credible intervals from the posterior distribution of a
Bayesian generalized linear mixed model.
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Table 4.1. GPS coordinates of WPA sites sampled in 2019.
WPA name

Wetland type

Latitude

Longitude

Lost Lake

Reference

43.67738

-97.0574

Buffalo Lake

Reference

43.82198

-97.06055

Pettigrew

Reference

44.09261

-96.85030

Beck

Reference

44.23702

-96.98103

Voelker II

Tile

43.71030

-97.11206

Petri II

Tile

43.67917

-97.09314

Habeger

Tile

44.18540

-97.06481

Acheson

Tile

43.80265

-97.06099
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Table 4.2. Total number of samples per sample type by collection month. Sample number represent samples
collected from reference and tile wetlands (n=8) in 2019.
Sample type

Number of samples

Month collected

8 (n=1 per site)
8 (n=1 per site)

June
July

8 (n=1 per site)

June

8 (n=1 per site)

July

8 (n=1 per site)

June

8 (n=1 per site)

July

Adult invertebrates

8 (n=1 per site)

June

American Toad livers

64 (n=8 per site)

June

Water
Sediment
Benthic invertebrates

Tiger salamander livers
45 (n=3 to 8 per site)*
July
*Number of collected larval Tiger salamanders differed among sites due to population variations.
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Table 4.3. Average difference in selenium concentration among sample types at reference and tile WPA sites in
2019. Averages were obtained from the posterior distribution of Bayesian generalized linear mixed models with
89% credible intervals.

Wetland pair

Average
difference

89% Credible Interval
of difference

Probability
difference is
greater than zero

Water (µg/L)

Tile-Reference

0.42

(0.08, 0.79)

0.98

Sediment (µg/g)

Tile-Reference

0.47

(0.09, 0.88)

0.97

Emergent insects (µg/g)

Tile-Reference

2.69

(0.66, 5.16)

0.99

Salamander livers (µg/g)

Tile-Reference

1.15

(0.53, 1.86)

>0.99

Toad livers (µg/g)

Tile-Reference

0.21

(-0.54, 0.98)

0.69

Sample type
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Chapter 5
Impact of Neonicotinoid and Selenium Exposure on Batrachochytrium dendrobatidis growth
in vitro
Introduction
Climate change and anthropogenic stressors, such as rapid urbanization and changes in
land use have contributed to increased levels of emerging infectious diseases (EIDs) (Aguirre
and Tabor 2008). Changes in interactions among host, pathogen and environment can alter rates
of EIDs and directly impact biodiversity (Bacigalupe et al. 2017). Although many taxonomic
groups have recently experienced EID-mediated biodiversity loss, amphibian population declines
have been particularly severe (Jones et al. 2017a). One particularly important pathogen, the
fungus, Batrachochytrium dendrobatidis (Bd), causes the disease chytridiomycosis (Mann et al.
2009). Since its discovery in 1998, Bd has been definitively linked to global amphibian declines,
species extinctions, and mass mortality (Berger et al. 1998, Wilber et al. 2017). Bd infects the
keratinized skin of juvenile and adult amphibians through aqueous zoospores released from
zoosporangia, putting many amphibians routinely at risk of infection due to their predominately
aquatic life history (Smalling et al. 2015, Rohr et al. 2017).
Compounding the issue of host and pathogen interactions, amphibians often inhabit
wetlands near or within agricultural landscapes during larval life stages and the mating season.
Many pesticides found in agricultural wetlands contribute to physiological, behavioral, and
morphological abnormalities in amphibians (Buck et al. 2015, Jones et al. 2017a). Additionally,
exposure to certain pesticides may contribute to immunosuppression in amphibians, rendering
them more susceptible to parasitic, viral, and fungal infections (Christin et al. 2004, Mann et al.
2009). For example, atrazine is a known endocrine disruptor and atrazine exposure damages the
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thymus, resulting in impaired immune function and subsequent increased disease rates in
amphibians (Hayes et al. 2006). Additionally, exposure to pesticides can alter the amphibian skin
microbiome, further reducing amphibian immune defenses against pathogens, such as Bd, and
thereby increasing the prevalence of pathogen infections (Jiménez et al. 2021).
Alternatively, pesticides may indirectly benefit amphibian communities by negatively
impacting pathogen survival, reproduction (Brown et al. 2013), growth or infective stage
(Hanlon and Parris 2012). A decrease in Bd survival has been reported after exposure to varying
concentrations of fungicides including triclosan (Brown et al. 2013), thiophanate-methyl (Hanlon
et al. 2012), and chlorothalonil (McMahon et al. 2013). Additionally, exposure to herbicides such
as glyphosate (Hanlon and Parris 2012) and atrazine (McMahon et al. 2013) may negatively
impact Bd abundance. Naturally occurring minerals (e.g., selenium, sulfate, barium, and
magnesium) may inhibit Bd growth (Boisvert and Davidson 2011). Moreover, Bd-inhibitory
effects may vary across Bd life stages, suggesting contaminants may alter Bd survival in highly
variable ways across space and time (Silva et al. 2019).
Neonicotinoids are a new type of neurotoxic insecticide that target the post-synaptic
nicotinic acetylcholine receptors in insects and vertebrates but are less toxic to the latter due to
lower binding affinity. First generation neonicotinoids (i.e., imidacloprid, thiamethoxam, and
clothianidin) are widely used throughout the world (Morrissey et al. 2015, Struger et al. 2017,
Sumon et al. 2018), particularly in the Midwestern corn belt (Hladik et al. 2014, Schwarz et al.
2018). Neonicotinoids may cause oxidative stress and DNA damage in amphibian species (Feng
et al. 2004, Ruiz de Arcaute et al. 2014, Robinson et al. 2021). Additionally, a negative
relationship exists between cumulative aqueous neonicotinoid concentration and median Bd
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zoospore abundance in water samples collected from Iowa wetlands, suggesting neonicotinoids
may alter Bd survival (Reeves et al. 2017).
Other environmental pollutants, such as selenium, may also alter disease-host dynamics.
Selenium naturally occurs in the environment at low concentrations and is an essential nutrient
for nearly all forms of life. Selenium can substitute for sulfur at the amino acid level, where it is
incorporated into selenoproteins, which help regulate oxidative stress, redox, and other processes
involved in the innate and adaptive immune response (Hoffmann and Berry 2008). Deficiencies
in selenium have been linked to lower immune function and negative outcomes following viral
infections, including H1N1 (Moya et al. 2013). Despite being essential for proper functioning at
low concentrations (Lanctôt et al. 2017), selenium has a fine line between essentiality and
toxicity (Janz et al. 2010). At high concentrations, selenium can induce apoptosis and oxidative
stress and may inhibit growth of filamentous, polymorphic, and unicellular fungi (Espinosa-Ortiz
et al. 2015). Importantly, failure to detect Bd at wetland field sites with high concentrations of
selenium, suggests that selenium may impair Bd growth or viability (Peterson et al. 2007).
Neonicotinoids and selenium have been well documented in agricultural wetlands at
concentrations ranging from 0.01-0.052 µg/L and <1-144 µg/L, respectively, and both may have
sub-lethal and lethal effects on amphibians at high concentrations during various life stages (Janz
et al. 2010, Main et al. 2014b, Schwarz et al. 2018, 2018, Robinson et al. 2019). Although the
individual effects of contaminants and Bd on amphibians have been well documented, there is
limited information on the effects of pesticides, particularly neonicotinoids, and selenium, on Bd
viability and growth in vitro. The purpose of this study was to evaluate the impacts of
neonicotinoids (i.e., imidacloprid, clothianidin, and thiamethoxam) and selenium, in the form of
sodium selenite, on Bd growth in vitro. We hypothesized that exposure to selenium would
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decrease Bd growth at all exposure concentrations and neonicotinoids would only impair Bd
growth at concentrations well above environmental levels.
Methods and Materials
Batrachochytrium dendrobatidis culture
Cultures of Batrachochytrium dendrobatidis (JEL0432) were received from the
University of Michigan (Ann Arbor, MI). Plates were flooded with 3mL of sterile spring water
for 30 minutes. Contents were decanted into a flask containing 50mL of TGhL broth, which
consisted of 4 g tryptone, 0.5 g hydrolyzed gelatin, 4 g lactose, 250 mL reverse osmosis water,
25 µL streptomycin (100 mg/mL), and 25 µL penicillin g (200 mg/mL). The culture was left to
grow for 5 days at room temperature and zoospores were counted with a hemocytometer. Once
cultures reached high enough concentrations, 30 mL of Bd-inoculated broth was transferred to a
sterile falcon tube and used to load 96-well plates.
Experimental design
To determine the effects of neonicotinoids and selenium on Bd viability, a Panamanian
strain of Bd (JEL0432) was exposed to various nominal concentrations (0, 0.1, 1, 10, 100, 1000,
10000, 100000 µg/L) of analytical clothianidin (CAS 210880-92-5), thiamethoxam (CAS
153719-23-4), imidacloprid (CAS 138261-41-3), sodium selenite (CAS 10102-18-8), or a
control (reverse osmosis water). Determining the inhibitory concentration of contaminants on Bd
growth requires testing concentrations above and below the relevant environmental
concentrations. To estimate Bd growth from 96-well microplates, absorbance values were
recorded on a spectrophotometer (BioTek Take 3) every 24 h at 492 nm until maximum Bd
growth (0-14 days) (Bell et al. 2013, Madison et al. 2017). Each contaminant was tested
individually on a single 96-well plate, with 7 concentrations, 2 positive controls, 2 negative
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controls, and 1 blank column (n=8 replicates for each column). Experimental wells contained 50
µL of Bd-inoculated TGhL broth (3.25 x106 zoospores/mL), 45 µL TGhL medium, and 5 µL of
the appropriate contaminant. Positive control wells contained 50 µL of Bd-incoluated TGhL
broth, 45 µL TGhL medium, and 5 µL of reverse osmosis water. The negative controls contained
50 µL of heat-killed Bd (raised to 60°C for 60 mins), 45 µL of TGhL medium, and 5 µL of
reverse osmosis water. The blank wells contained 95 µL of TGhL medium and 5 µL of reverse
osmosis water. Plates were kept at room temperature in the dark between absorbance readings
(Bell et al. 2013). Final daily absorbance values were obtained for each treatment on each day by
subtracting the average optical density of the replicate negative controls from the average optical
density of the replicate treatment wells. Bd reproduction and growth was noted by increasing
absorbance values, while decreasing absorbance indicated Bd death.
Statistical modeling
We modeled final daily absorbance (optical density) as a function of contaminant
concentration and day with contaminant concentration as a varying intercept using splined-based
Bayesian generalized additive mixed models (GAMMs) with a Gaussian likelihood. We used
GAMMs with smooth functions because they are flexible and can be used to assess non-linear
change over time and are commonly used to describe abundance estimation and dose-response
modeling (Hastie and Tibshirani 1990). Additionally, the use of smoothing splines allowed us to
model and capture random variability in nonlinear patterns. Since GAMM model output is not
easily or straightforwardly interpretable, visualization of model coefficients is essential.
GAMMs were fit using rstan (Stan Development Team 2020) and specified via the brms
package (Bürkner 2017) using R (R Development Core Team 2017) in RStudio (RStudio Team
2020). All models contained four chains with 3000 iterations, 1000 of which were used as
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warmup and discarded. Markov Chain Monte Carlo was used to estimate the joint posterior
distribution. To assess model convergence, we used trace plots of the posterior and confirmed
that all models had r-hat values (potential scale reduction factor) <1.1. Priors for all models
consisted of N(0,2) for beta parameters and Exponential(1) for standard deviation. Medians and
95% credible intervals were estimated for all parameters from the posterior distribution of each
model.
To compare changes in optical density over time among treatment groups, we extracted
the posterior for each concentration during the lag, exponential, and stationary phase. We set the
lag phase from day 0 through day 1 for all concentrations. We determined the length of the
exponential phase by calculating the median optical density value on each day and found the day
at which optical density began to decline. For example, the selenium control group had
increasing optical density values from day 2 through day 13. The stationary phase was defined at
the first day that optical density began to decline until the end of the experiment (e.g., day 14 for
the selenium control group).
To calculate the change in optical density for each concentration during the exponential
phase, we extracted the posterior from the start and end of the exponential phase and then
subtracted the starting values from the final values. For example, the selenium control group had
an exponential phase that lasted from day 2 through day 13, therefore we extracted the posterior
on day 2 and 13 and then found the difference in optical density during this time period. We then
calculated the probability of a difference between concentrations during the exponential phase by
extracting the response variable (change in optical density) and dividing the number of
differences greater than zero by the number of iterations (i.e., 8,000) of the posterior distribution.

111

Results
Inspection of summarized model outputs and visualization revealed selenium exposure
had the largest impact on Bd growth in vitro, whereas neonicotinoid exposure had little impact
on fungal growth.
Selenium exposure
At the beginning of the experiment (lag phase) optical density was similar across
exposure treatments. However, the number of days spent in the exponential growth phase varied
by selenium treatment. Specifically, the control group had the longest exponential phase, which
spanned from day 2 through day 13. Alternatively, the duration of the exponential phase for the
exposure groups created a parabola shape, in which the 0.1 µg/L and 100,000 µg/L treatments
spent the least amount of time in the exponential phase (0.1 µg/L – 4 days; 100000 µg/L – 2
days) and the 1, 10, 100, and 1000 µg/L groups spent the most amount of time in this growth
phase (7 or 8 days depending on treatment). Additionally, the change in optical density during
the exponential phase declined with increasing concentration (Figure 5.1). For example, there
was a less than a 75% probability that the control and 0.1 µg/L treatment differed in change in
optical density during the exponential phase. However, there was a >91% and probability that
control group differed in change in optical density during the exponential phase compared to all
other exposure treatments (Table 5.1). Overall, increasing selenium concentrations had a clear
negative impact on Bd growth, particularly during the exponential growth phase (Figure 5.1).
Neonicotinoid exposure
Conversely, neonicotinoids had little effect on Bd growth, however small differences
were still apparent. Optical density during the lag phase (day 0-1) was similar among the control
and exposure groups for all neonicotinoid (i.e., imidacloprid, thiamethoxam, and clothianidin)
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exposures. Time (days) spent in the exponential growth phase varied by treatment, with the
control and highest imidacloprid exposure group (100,000 µg imidacloprid/L) experiencing 9
days in this growth phase, whereas the 0.1 µg/L group spent 4 days and the 1, 10, 100, and 1000
µg/L treatments spent 5 days in the exponential phase (Figure 5.2). All exposure groups, except
for the 100,000 µg/L treatment, had less change in optical density during the exponential phase
compared to the control and there was a >99.99% probability that the difference was greater than
zero (Table 5.2). Alternatively, the 100,000 µg/L treatment experienced similar growth during
the exponential phase compared to the control and there was a 66.2% probability that the
difference was greater than zero (Table 5.2).
Regarding the thiamethoxam plate, the duration (number of days) spent in the
exponential growth phase also varied by treatment group (Figure 5.3). The control group had the
longest exponential phase, which ranged from day 2 through day 9; whereas the exposure groups
ranged from three to six days long. The 1 and 1,000 µg thiamethoxam/L treatments experienced
the least growth during the exponential phase and there was a 90.8% and 96.3% probability that
they were different from the control group (Table 5.3). Additionally, the highest exposure group
(100,000 µg thiamethoxam/L) experienced a greater change in optical density during the
exponential phase compared to the control; however, there was only a 63.2% probability that the
difference was greater than zero (Table 5.3).
During the clothianidin exposure, the duration of the exponential phase was similar
among control and exposure groups, with the control group spending 6 days and the exposure
groups spending 5 days in this growth phase (Figure 5.4). During the exponential phase, median
optical density ranged from approximately 0.05 to 0.07 and varied by treatment group.
Additionally, the 0.1 µg clothianidin/L treatment had the highest median optical density during
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the exponential phase compared to other treatment groups. However, when we compared the
average change in optical density during the exponential phase, there were minimal differences
among the lower exposure groups compared to the control (Table 5.4). Alternatively, the higher
exposure groups (i.e., 10, 1000, 10000, and 1000000) had a greater than 90% probability that the
change in optical density during the exponential phase was different from the control (Table 5.4).
Discussion
We evaluated the impact of selenium and neonicotinoid exposure on the growth of the
fungal pathogen, Batrachochytrium dendrobatidis (Bd), in vitro. This is the first study to our
knowledge to investigate whether selenium or neonicotinoids alter Bd growth in vitro. Our
results add to the growing body of evidence that environmental and anthropogenic contaminants
may alter disease dynamics within amphibian populations by directly affecting pathogen growth
and viability.
We found that Bd had less growth and shorter life cycles, indicated by declining optical
density values, following exposure to selenium in the form of sodium selenite. All exposure
concentrations negatively impacted Bd growth and at high concentrations Bd failed to grow
entirely. Selenium has anti-bacterial and anti-fungal properties and may inhibit spore
germination in Botrytis cinerea (Wu et al. 2016), decrease the growth rate and mycelial dry mass
in oyster (Pleurotus ostreatus) and king trumpet mushrooms (Pleurotus eryngii) (Silva et al.
2013), and significantly reduced toxin synthesis and spore outgrowth in Clostridium difficile
(Pellissery et al. 2019). Recent studies have suggested selenium can bind to chitin in fungi cell
walls (Muñoz et al. 2006), therefore it is plausible that selenium negatively impacts the thalli
and/or zoosporangia life stage of Bd since zoospores do not contain cell walls.
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Additionally, Bd can form floating biofilm monolayers in the absence of a host, which
may be an effective means of dispersal in aquatic ecosystems (Silva et al. 2019). Selenium
nanoparticles at 25 ppm adhere to C. albicans biofilms by substituting for sulfur and
subsequently damage the cell structure (Guisbiers et al. 2017). We noticed a sharp decline in
optical density in the 1000, 10000, and 100000 µg/L exposure groups, which may be a result of
cell wall or biofilm impairment for Bd. Given the dire consequences of Bd infection among
amphibian populations, we suggest that future studies investigate the role of selenium in chytrid
fungus cell wall disruption via scanning electron microscopy.
Selenium has immune boosting properties at low concentrations and has been used as an
effective treatment against superficial fungal infections, such as athlete’s foot and seborrheic
dermatitis (Polefka et al. 2012). Given this information, it is plausible that selenium could be
used to treat amphibians with Bd infections at low concentrations, however special care should
be taken to ensure selenium exposure is not above toxic thresholds for the infected amphibian
species. Furthermore, the Prairie Pothole Region of the United States is known for having
exceptionally high levels of selenium in the soil due to past glacial activity and anthropogenic
activities (Hamilton 2004, Gupta and Gupta 2017, Werkmeister et al. 2018). Although Bd occurs
in this area (Brown and Kerby 2013), there have been no reported mass dies off as a result of Bd
infection. Given our results, future studies should account for local metal and metalloid
composition when interpreting Bd hotspots and host-disease dynamics.
Conversely, neonicotinoid exposure had less of an influence on Bd growth in the present
study. The impact of neonicotinoids on invertebrate species has been extensively characterized
(Rigosi and O’Carroll 2018) and the number of studies assessing the impact on vertebrate species
have rapidly increased in recent years (Özdemir et al. 2018a, Robinson et al. 2019, 2021,
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Campbell et al. 2022). However, few studies have focused on the impacts of neonicotinoids on
pathogenic fungal species, such as Bd. Neonicotinoids mimic the action of acetylcholine by
binding almost irreversibly to nicotinic acetylcholine receptors, which are largely present in the
brain and muscles of invertebrate and vertebrate species. Acetylcholine has also been detected in
bacterial and fungal species, suggesting acetylcholine has been conserved throughout evolution
(Horiuchi et al. 2003). Despite the known presence of acetylcholine in these primitive taxa, little
work has been done to characterize their receptors. Additionally, acetylcholine can inhibit the
development of C. albicans biofilms in vivo and in vitro (Rajendran et al. 2015), suggesting that
C. albicans has a functional acetylcholine receptor. Given these results, it seems possible that
agricultural contaminants that act on acetylcholine receptors, such as neonicotinoids, can directly
affect other fungal species, including Bd.
In the present study, we found that neonicotinoids (i.e., imidacloprid, thiamethoxam, and
clothianidin) had less of an effect of Bd growth in vitro compared to selenium. Following
imidacloprid exposure, all exposure groups, apart from the 100,000 µg imidacloprid/L treatment,
experienced short-lived exponential phases compared to the control, which suggests that
imidacloprid may impair Bd reproduction during the life stage. Moreover, exposure groups also
had smaller changes in optical density during the exponential phase, indicating less growth
compared to the control and the highest exposure group. It is unclear why Bd growth was
relatively unaffected following exposure to the highest imidacloprid concentration (100,000 µg
imidacloprid/L); however, it is apparent that imidacloprid had an overall negative impact on Bd
growth during a critical growth phase (i.e., exponential phase). Notably, previous studies have
also found that exposure to imidacloprid at maximum recommended concentrations (i.e., 800
g/per hectare) did not impact the reproductive or vegetative growth of the entomopathogenic
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fungus, Metarhizium robertisii; however, minimum recommended concentrations (100 g/per
hectare) significantly reduced the production of asexual reproductive spores (Batista Filho et al.
2001). Its plausible that pesticide-induced impairments do not follow a linear trend, therefore
future studies should characterize the direct impacts of a wide range of imidacloprid
concentrations on Bd viability and reproduction.
Alternatively, thiamethoxam exposure resulted in variable growth among treatment
groups during the exponential phase. The 1 and 1,000 µg thiamethoxam/L treatments
experienced the least growth during the exponential phase, whereas the 10 and 100,000 µg/L
treatments experienced the greatest growth. Exposure to thiamethoxam also shorted the duration
of the exponential phase in all exposure groups by 1 to 4 days. Thiamethoxam breaks down into
clothianidin, which is often regarded as more toxic (Malhotra et al. 2021). In the present study,
clothianidin exposure shortened the duration of the exponential phase by one day in all treatment
groups. The lowest exposure group also had the highest peak optical density compared to all
treatments, including the control, which suggests that exposure to low concentrations of
clothianidin may stimulate Bd growth, whereas higher concentrations may be inhibitory.
Although beyond the scope of the present study, future research should further investigate the
potential bioremediation of neonicotinoids by Bd and characterize breakdown products.
In conclusion, agricultural and environmental contaminants can directly impair Bd
growth, which subsequently alters host-disease dynamics within amphibian populations and
aquatic ecosystems. Our results are consistent with previous studies indicating selenium
negatively impacts fungal growth among a wide range of species. Furthermore, our results
demonstrate for the first time that neonicotinoids can alter the exponential phase of Bd. Lastly,
the present study highlights the importance of dose-response toxicological studies to gain a better
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insight into disease dynamics and emphasizes the need for future, more complex contaminant-Bd
studies.
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Figure 5.1. Growth curves for Batrachochytrium dendrobatidis following exposure to sodium selenite at various
concentrations over time (0-14 days) in vitro (n = 8 replicates per concentration). Results are averages obtained from
the posterior distribution of a generalized additive mixed model using Bayesian inference. Points represent
standardized average daily absorbance at 492 nm. Final daily absorbance was standardized by subtracting the
average absorbance of the replicate negative controls from the average absorbance of the replicate treatment wells.
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Figure 5.2. Growth curves for Batrachochytrium dendrobatidis following exposure to analytical grade imidacloprid
at various concentrations over time (0-14 days) in vitro (n = 8 replicates per concentration). Results are averages
obtained from the posterior distribution of a generalized additive mixed model using Bayesian inference. Points
represent standardized average daily absorbance at 492 nm. Final daily absorbance was standardized by subtracting
the average absorbance of the replicate negative controls from the average absorbance of the replicate treatment
wells.
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Figure 5.3. Growth curves for Batrachochytrium dendrobatidis following exposure to analytical grade
thiamethoxam at various concentrations of over time (0-14 days) in vitro (n = 8 replicates per concentration).
Results are averages obtained from the posterior distribution of a generalized additive mixed model using Bayesian
inference. Points represent standardized average daily absorbance at 492 nm. Final daily absorbance was
standardized by subtracting the average absorbance of the replicate negative controls from the average absorbance of
the replicate treatment wells.
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Figure 5.4. Growth curves for Batrachochytrium dendrobatidis following exposure to analytical grade clothianidin
at various concentrations of over time (0-14 days) in vitro (n = 8 replicates per concentration). Results are averages
obtained from the posterior distribution of a generalized additive mixed model using Bayesian inference. Points
represent standardized average daily absorbance at 492 nm. Final daily absorbance was standardized by subtracting
the average absorbance of the replicate negative controls from the average absorbance of the replicate treatment
wells.
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Table 5.1. Difference in optical density (492 nm) between selenium treatment groups during the exponential growth
phase of Batrachochytrium dendrobatidis. Means and 95% credible intervals were obtained from the posterior of a
Bayesian generalized additive mixed model.

Average
difference in
optical density

95% credible interval
of difference

Probability that
difference is
greater than
zero

0.006

(-0.01, 0.03)

74.6%

0-1

0.01

(-0.006, 0.03)

91.6%

0-10

0.03

(0.01, 0.05)

>99%

0-100

0.02

(-0.0004, 0.04)

97.2%

0-1,000

0.05

(0.02, 0.05)

>99%

0-10,000

0.06

(0.04, 0.08)

>99%

0-100,000

0.07

(0.05, 0.09)

>99%

Treatmentcomparison
0-0.1
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Table 5.2. Difference in optical density (492 nm) between imidacloprid treatment groups during the exponential
growth phase of Batrachochytrium dendrobatidis. Means and 95% credible intervals were obtained from the
posterior of a Bayesian generalized additive mixed model.
Average
difference in
optical density

95% credible interval
of difference

Probability that
difference is greater
than zero

0-0.1

0.04

(0.03, 0.06)

>99.99%

0-1

0.04

(0.02, 0.05)

>99.99%

0-10

0.03

(0.02, 0.05)

>99.99%

0-100

0.04

(0.02, 0.06)

>99.99%

0-1,000

0.04

(0.02, 0.05)

>99.99%

0-10,000

0.03

(0.02, 0.05)

>99.99%

0-100,000

0.004

(-0.01, 0.02)

66.2%

Treatmentcomparison
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Table 5.3. Difference in optical density (492 nm) between thiamethoxam treatment groups during the exponential
growth phase of Batrachochytrium dendrobatidis. Means and 95% credible intervals were obtained from the
posterior of a Bayesian generalized additive mixed model.
Average
difference in
optical density

95% credible interval
of difference

Probability that
difference is greater
than zero

0-0.1

0.005

(-0.008, 0.02)

76.5%

0-1

0.008

(-0.004, 0.02)

90.8%

0-10

0.003

(-0.008, 0.02)

70.6%

0-100

0.007

(-0.005, 0.02)

86.7%

0-1,000

0.011

(-0.001, 0.02)

96.3%

0-10,000

0.008

(-0.004, 0.02)

89.3%

100,000-0

0.002

(-0.012, 0.02)

63.2%

Treatmentcomparison
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Table 5.4. Difference in optical density (492 nm) between clothianidin treatment groups during the exponential
growth phase of Batrachochytrium dendrobatidis. Means and 95% credible intervals were obtained from the
posterior of a Bayesian generalized additive mixed model.

Average
difference in
optical density

95% credible interval
of difference

Probability that
difference is
greater than
zero

0.1-0

0.007

(-0.007, 0.02)

82.9%

0-1

0.007

(-0.007, 0.02)

82.7%

0-10

0.009

(-0.005, 0.02)

90.4%

0-100

0.005

(-0.008, 0.02)

78.1%

0-1,000

0.01

(-0.003, 0.03)

94.1%

0-10,000

0.01

(-0.0002, 0.03)

97.2%

0-100,000

0.01

(-0.004, 0.02)

92.4%

Treatmentcomparison
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Appendix A

Supplementary Figure 2.1. Decrease in body mass (g) among treatments (n=10 per treatment). Dots represent raw
data for each individual. The single negative dot represents the one individual that experienced an increase in body
mass. Results are averages from the posterior distribution of a Bayesian generalized linear mixed model with 95%
credible intervals.
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Supplementary Figure 2.2. Increase in total body length (mm) in Northern Leopard Frogs between treatments
(n=10 per treatment). Dots represent raw data for each individual (Final total length-Initial total length). Results are
averages from the posterior distribution of a Bayesian generalized linear mixed model with 95% credible intervals.
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Supplementary Table 2.1. Bayesian model formulae with respective distribution, number of iterations and warmups.
Formulae

Distribution

Iterations

Warm-up

Imidacloprid brain~ Treatment

Gamma

2000

500

Imidacloprid olefin brain ~ Treatment

Skew normal

3000

800

Body mass ~ Treatment * Date + (1|Animal_ID)

Gamma

2000

500

Total length ~ Treatment * Date + (1|Animal_ID)

Gamma

2000

500

Mean response time ~ log(imidacloprid brain)

Gamma

2500

700

Response time ~ Treatment * Date + (1|Animal_ID)

Gamma

2000

500
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Supplementary Table 2.2. Average difference in loss of body mass (g) between treatment groups. Averages were
extracted from the posterior distribution of a Bayesian generalized mixed model with 89% credible intervals.
Treatment-pair Average difference 89% credible interval
in mass (g)
of difference
0-0.1

0.07

0-1
0-5
0-10

Probability difference is
greater than zero

(-0.82, 0.94)

54.88%

0.19

(-0.68, 1.1)

63.47%

0.31

(-0.65, 1.27)

69.62%

0.21

(-0.65, 1.1)

64.38%
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Supplementary Table 2.3. Average difference in increase in total length (mm) between treatment groups. Averages
were extracted from the posterior distribution of a Bayesian generalized mixed model with 89% credible intervals.
Treatment-pair

Average
difference in
mass (g)

89% credible
interval of
difference

Probability difference is greater than
zero

0.1-0

5.69

(1.46, 9.97)

98.22%

0-1

0.04

(-4.23, 4.36)

51.13%

5-0

0.8

(-3.57, 5.09)

62.06%

0-10

0.9

(-3.36, 5.1)

63.77%
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